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• The uptake of 6 metals alone and in bi-
nary combinations were measured in
snails.

• The BLM framework was used to evalu-
ate single metal uptake and binary in-
teractions.

• Most interactions were inhibitory, rela-
tively small, and not reciprocal.

• Most of the interactions could be ex-
plained via competitive interactions.

• This study shows the potential of the
BLM to predict metal mixtures
bioaccumulation.
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There is growing interest in the development of mechanistically-based models, such as the Biotic Ligand Model
(BLM), for assessing the environmental risk of metal mixtures. However, the derivation of such models requires
insights into themechanisms ofmultimetal interactions that are often lacking for aquatic organisms. In the pres-
ent study, we investigated how binarymixtures of six metals (Ag, Cd, Cu, Ni, Pb and Zn) interact for uptake in the
great pond snail Lymnaea stagnalis, a freshwater species particularly sensitive to metals in chronic exposure. For
eachmetal, short-term (2–3 h) uptake experiments on juvenile snails were performedwith themetal alone and
in combination with a second metal, at concentrations encompassing the chronic toxicity concentration range.
These experiments showed significant binary metal interactions for 7 out of 15 mixtures. Most interactions
were inhibitory in nature, not reciprocal and caused by either Ag or Cu. They led to relative changes of uptake
that did not exceed 50%within the range of metal chronic toxicity. The BLMproved to be successful at explaining
most of the interactions, via competitive inhibition. This study is in support of using bioavailability-basedmodels,
such as the BLM, to model metal mixture interactions in L. stagnalis.
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1. Introduction

While metals invariably occur in mixtures in the environment, eco-
logical risk assessments still mostly rely on effects evaluations obtained
for single elements. Incorporating metal mixtures into regulatory

http://crossmark.crossref.org/dialog/?doi=10.1016/j.scitotenv.2018.07.455&domain=pdf
https://doi.org/10.1016/j.scitotenv.2018.07.455
anne.cremazy@gmail.com
Journal logo
https://doi.org/10.1016/j.scitotenv.2018.07.455
http://www.sciencedirect.com/science/journal/
www.elsevier.com/locate/scitotenv


1612 A. Crémazy et al. / Science of the Total Environment 647 (2019) 1611–1625
frameworks has been an important focus of environmental scientists
and regulators over the past decade (Meyer et al., 2015; Van
Genderen et al., 2015). An often-used approach in mixture regulation
is the use of additive models, such as the Concentration Addition (CA)
and Independent Action (IA) models, which predict mixture toxicity
based on the toxicity of each mixture component, without consider-
ation of their potential interactions (Backhaus and Faust, 2012). Yet, it
is well recognised that metals can affect one another's toxicity and
that overlooking their joint effects may lead to erroneous toxicity pre-
diction and in fine risk assessment. Indeed, metal mixture toxicity to
aquatic organisms has often been shown to deviate from strict additiv-
ity, most often in a less-than-additive manner, although more-than-
additive interactions are also occasionally observed (Vijver et al.,
2011; Norwood et al., 2003). Different approaches have recently been
proposed to start accounting for multi-metal interactions in mixture
toxicity evaluation. Among them, bioavailability-based models, such as
the Biotic Ligand Model (BLM), offer a conceptual framework viewed
as rather suitable for metal mixtures assessment (Balistrieri and
Mebane, 2014; Iwasaki et al., 2015; Santore and Ryan, 2015). Briefly,
within the BLM framework, metal bioavailability is proportional to the
amount of metal chemically bound to sensitive biological sites referred
to as “biotic ligands” (BL, e.g. membrane ion transporters), which are
modulated by the presence of (i) the major cations in solution compet-
ingwith themetal for binding to the BL (e.g.H+, Ca2+, Na+) and (ii) the
abiotic ligands in solution competing with the BL for binding to the
metal (e.g. SO4

2−, Cl−, dissolved organic matter (DOM)). While this
model is a simplification of complex processes in metal toxicity, the
general success of the BLM in predicting metal toxicity under different
water chemistries represents a major progress in metal risk assessment
(Di Toro et al., 2001; Paquin et al., 2002; Niyogi and Wood, 2004;
Ardestani et al., 2014). Diverse adaptations of the BLM have been pro-
posed to account for multiple metal interactions (Balistrieri and
Mebane, 2014; Balistrieri et al., 2015; Farley and Meyer, 2015; Iwasaki
et al., 2015; Santore and Ryan, 2015). In these multi-metal BLMs,
metal-metal interactions are described as competitive binding for abi-
otic and biotic ligands. For example, inhibition on metal uptake may
be explained as competition for the same metal transporter at the bio-
logical surface. On the other hand, increased metal uptake may be ex-
plained by the displacement of metal bound to an aqueous ligand (e.g.
DOM) by another metal, leading to increased free metal concentration
(and thus bioavailability) of the first metal. Yet, one major hurdle for
the development of suchmechanisticmodels is the lack of experimental
data on howmultiple metals interact at sites of uptake and toxicity (i.e.,
at BLs). This critical need for more metal mixture data has notably been
highlighted by recent studies showing thatmulti-metal interactions ap-
pear to be species-specific and do not always match theoretical predic-
tions from current toxicological knowledge (Pelgrom et al., 1995;
Komjarova and Blust, 2009; Niyogi et al., 2015; Brix et al., 2017). The
lack of experimental studies is even greater for chronically metal-
sensitive organisms, in contrast to acutely metal-sensitive organisms
(Meyer et al., 2015; VanGenderen et al., 2015; Nys et al., 2017). The cur-
rent work is a direct response to this data gap.

In the present study, we investigated how six trace metals (Ag, Cd,
Cu, Ni, Pb and Zn) interact with each other for short-term uptake in
the great pond snail Lymnaea stagnalis. This pulmonate freshwater mol-
lusc was selected for its high sensitivity to several metals in chronic ex-
posures, making it a very relevant species in metal risk assessment.
Indeed, it has been shown to be one of the most chronically sensitive
freshwater organisms to Ag, Co, Cu, Ni and Pb, with inhibitory effects
on growth and reproduction (De Schamphelaere et al., 2008; Brix
et al., 2011; Brix et al., 2012; Niyogi et al., 2014; Crémazy et al., 2018).
As for most aquatic organisms, chronic metal toxicity to L. stagnalis
seems to be regulated by water chemistry in accordance with the BLM
(De Schamphelaere and Janssen, 2010; Schlekat et al., 2010; Esbaugh
et al., 2012), and has been proposed to be associated with impairment
of ionoregulation (more precisely of Ca homeostasis) (Grosell and
Brix, 2009; De Schamphelaere and Janssen, 2010; Brix et al., 2011).
We have recently observed that binary mixtures of the six metals pres-
ently studied elicited a great proportion of less-than-additive responses
in chronic toxicity to L. stagnalis (Crémazy et al., 2018). The present
work aims at providing some potential mechanistic insights on these
previous observations. Specifically, this study focuses on characterizing
binarymetal interactions occurring at the first step ofmetal toxicity: up-
take into the organism. To do so, short-termmetal internalization fluxes
were measured in juvenile snails, using radio-isotopes as tracers (ex-
cept for Pb). These fluxes were obtained for metals present alone and
in combination with a second non-labelled metal, at concentrations
ranges where chronic toxicity was previously observed (Crémazy
et al., 2018). The BLM mathematical framework was used to analyze
the uptake dataset and to characterize the types of binarymetal interac-
tions occurring. We hypothesized that most interactions on uptake
would be inhibitory in nature, as is usually the case for metal mixtures
(Norwood et al., 2003; Vijver et al., 2011), and notably for our parallel
chronic toxicity study on this species (Crémazy et al., 2018).We also hy-
pothesized that the BLM could explain most of the interactions i) via
metal-metal competition for abiotic ligands in solution (enhanced up-
take) and ii) via metal-metal competition for membrane transporters
(reduced uptake).

2. Materials and methods

2.1. Experimental animals and water composition

The culture conditions of L. stagnaliswere the same as previously de-
scribed in Crémazy et al. (2018). The snails were kept at 25 ± 1 °C,
under a 16 h light:8 h dark photoperiod, in Vancouver dechlorinated
tap water (from the Capilano watershed) amended with salts to pro-
mote healthy snail growth. This water was used both for snail culture
and for the uptake tests conducted in this study. Its composition, as
measured during these tests, was: pH = 7.85 ± 0.20, [Ca] = 0.99 ±
0.01 mM, [Mg] = 0.22 ± 0.02 mM, [Na] = 1.7 ± 0.2 mM, [K] = 0.054
± 0.015 mM, [Cl] = 1.0 mM (nominal), [SO4] = 0.79 mM (nominal),
[dissolved organic carbon, DOC] = 0.80 ± 0.08 mg·L−1, alkalinity =
0.80 ± 0.05 mEq·L−1 (measured as [dissolved inorganic carbon]) and
hardness= 120mg·L−1 as CaCO3. The culture was kept under static re-
newal conditions and was fed a mix of thoroughly washed, peeled
sweet potato (Ipomoea batatas) and romaine lettuce (Lactuca sativa).

2.2. Short-term metal uptake tests

Short-term metal uptake experiments were carried out with juve-
nile snails (about 3 weeks old, ca. 150 mg whole wet weight). They
were starved for 24 h prior to the tests. For each treatment, one snail
was exposed in 45 mL of aerated exposure solution, in 50 mL polypro-
pylene tubes. Note that the high water volume-to-snail ratio and short
exposure time facilitated constant water physico-chemistry throughout
the tests. These solutionswere prepared 24 h prior to the experiment, in
order to allow for thermodynamic equilibrium to be reached. Thewater
was the same as for snail culture (see composition in Section 2.1), with
the addition of the appropriate metal salt(s) (AgNO3, CdCl2·5H2O,
CuCl2·2H2O, NiCl2·6H2O, Pb(NO3)2, Zn(NO3)2·6H2O, ACS grade, Fisher
Scientific). Additionally, in order to trace Ag, Cd, Cu, Ni and Zn uptake
in the snails at relatively low concentrations, the tests solutions were
spiked with the appropriate amount of radioisotope: Ag-110 m (as
AgNO3, experimental specific activity (SpA) ~50 Ci·mol−1, Eckert and
Ziegler, Valencia, CA, USA), Cd-109 (as CdCl2, SpA ~10 Ci·mol−1, Eckert
and Ziegler, Valencia, CA, USA), Cu-64 (as CuCl2, SpA ~500 Ci·mol−1,
TRIUMF, Vancouver, Canada), Ni-63 (as NiCl2, SpA ~10 Ci·mol−1, Eckert
and Ziegler, Valencia, CA, USA) and Zn-65 (as ZnCl2, SpA ~1 Ci·mol−1,
PerkinElmer, Toronto, Canada). Because of the high specific activities,
the added radioactivity had negligible effect on the total exposure con-
centrations. No suitable radio-isotope was available for Pb, so this metal
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was not radiolabelled in the tests. At the beginning and at the end of
each uptake test, water samples were collected from each test vial and
filtered (0.45 μmpolyethersulfonemembrane,Membrane Solution, Dal-
las, TX, USA) for subsequent water analyses (as described in
Section 2.3.1). At the end of each uptake test, a 3-step snail rinsing
procedure was implemented to ensure desorption of surface-bound
metal, and that only internalizedmetal wasmeasured in the snail tis-
sues. First, snails were briefly rinsed with a rinsing solution corre-
sponding to the exposure solution without metal. Second, they
were exposed for 5 min in 20 mL of either 10 mM sodium thiosulfate
(Na2S2O3·5H2O, ACS grade, Fisher Scientific) for Ag uptake tests, or
1 mM ethylenediaminetetraacetic (EDTA·2H2O, ACS grade Fisher
Scientific) for the other metals uptake tests. Third, the first step
was repeated and snails were blotted dry on a tissue paper and
kept frozen at −20 °C until subsequent tissue analysis (as described
in Section 2.3.2).

Four sets of uptake experiments were carried out in this study, using
the above protocol. In a first set of experiments, the uptake of each
metal in the snail's soft tissues (corresponding to the whole snail with-
out shells and digestive tracts) was characterized as a function of time.
This was done by measuring individual radiolabelled metal uptake at
four exposure times between 0.5 and 4 h, at one metal concentration.
We selected toxicologically relevant metal concentrations of 0.1 μM
Ag, 0.2 μM Cd, 0.1 μM Cu, 5 μM Ni, 0.4 μM Pb and 3 μM Zn. For Cd, Cu,
Pb andNi, these concentrationswere indeed very close to the effect con-
centration leading to 50% inhibition of growth rate measured in previ-
ously performed 14-d chronic toxicity tests (14-d EC50 = 0.2 μM Cd,
0.1 μM Cu, 4 μM Ni, 6 μM Zn, Crémazy et al., 2018). For Ag and Pb, the
selected concentrationswere respectively about 5 and 4 times their pre-
viouslymeasured 14-d EC50 values (0.02 μMAg and 0.1 μMPb), for sig-
nal detection reasons. Each testwas performed in triplicate (n=3). This
first set of preliminary tests allowed checking that influxwas linearwith
time, and that the rinsing procedure was effective at removing surface-
bound metals (see Results).

In a second set of experiments, the tissue-specific distribution of
each metal in L. stagnalis was characterized after a 2-h exposure to
each individual radiolabelled metal and a 3-h exposure to Pb (for signal
sensitivity reasons), at the same metal concentrations as given above,
with n = 6 for each exposure. For these tests, metal accumulation was
measured in the digestive tract (with chyme), the foot, the mantle and
in a last fraction combining the rest of the soft tissues. These tests
aimed at determining if one of these specific tissues accumulated
more than the other, or if uptake occurred indiscriminately across the
whole integument. Based on the results,metal uptakewas subsequently
analyzed in thewhole soft tissueswithout thedigestive tract (simply re-
ferred to as “soft tissues” in the remainder of the manuscript).

In a third set of experiments, the 2-h (3-h for Pb) uptake profiles of
radiolabelled metals in the soft tissues were characterized within the
following concentration ranges: 0.0005–0.2 μM Ag, 0.03–4 μM Cd,
0.007–0.3 μM Cu, 0.02–5 μM Ni, 0.03–0.4 μM Pb and 0.6–20 μM Zn
(see details in Table SI.1 of the Supporting information). Each treat-
ment was performed in triplicate (n = 3). These latter ranges
encompassed the “chronic concentration ranges”, defined in this
paper as the metal concentration ranges where 0–100% inhibition
of snail growth rate were previously observed in 14-d chronic toxic-
ity tests (Crémazy et al., 2018). These chronic concentration ranges
were 0–0.08 μM Ag, 0–0.4 μM Cd, 0–0.3 μM Cu, 0–4 μM Ni, 0–0.4
μM Pb and 0–10 μM Zn.

In a last set of experiments, we observed the effects of non-
radiolabelled secondary metals (Ag, Cd, Cu, Ni, Pb or Zn) on the 2-h
soft tissue uptake of a primary radiolabelledmetal (or 3-h soft tissue up-
take of cold Pb). In these experiments, the primary metal was held con-
stant at two concentrations around the 14-d EC20 and 14-d EC90 values
(Crémazy et al., 2018),while the secondarymetal concentrationwas in-
creased in a range encompassing its chronic toxicity range (see details
in Table SI.2). Each treatment was performed in triplicate (n = 3).
2.3. Sample analyses

2.3.1. Exposure water
Non-radioactive inorganic elements were analyzed in the filtered

water samples by atomic absorption spectrometry (AA240 FS, Varian)
with a graphite furnace for Ag, Cd, Cu, Pb and Ni and with a flame for
Zn, Ca, Mg, K and Na. Dissolved organic carbon (DOC) concentrations
were measured with a Total Organic Carbon analyzer (V-series TOC an-
alyzer, Shimadzu). The pH was measured with an Orion™ Green pH
combination electrode (Fisher Scientific). Trace metal concentrations
were measured in all water samples collected, i.e. in all test solutions
at the start and end of the uptake period. On the other hand, the pH
and major cations and DOC concentrations were only measured in 6
random samples for each uptake experiment: 3 at the start and 3 at
the end of the uptake period. Instrument calibrations were verified
with certified reference waters TMDA-54.5 and TM-25.4 (Natural Re-
sources Canada). Gamma radioactivity of Ag-110 m, Cd-109, Cu-64
and Zn-65 was measured in the different water samples with a
gamma counter (Automatic gamma counter, Wallac Wizard Model
1470). The beta radioactivity of Ni-63 was measured in the different
water samples with a beta counter (LS 6500, Beckman Coulter) after
mixing with scintillation cocktail (Ultima-Gold AB®, PerkinElmer, To-
ronto, Canada); tests showed that quenching was constant, so no cor-
rection was made.

2.3.2. Snail tissues
Test snails were thawed and their tissues were dissected and pre-

cisely weighed (±0.1 mg). The non-radiolabelled Pb concentration
was measured by atomic absorption spectrometry (as previously de-
scribed in Section 2.3.1). The radioactivity of Ag-110, Cd-109, Cu-64
and Zn-65 was directly measured in the intact tissues by gamma
counting (as previously described in Section 2.3.1). For beta emitters
(Ni-63) and non-radiolabelled metals (Pb) analyses, tissues were first
digested in 200 μL of 50% v/v HNO3 (ACS grade, Fisher Scientific) for
2 days at 65 °C. The radioactivity of Ni-63 was then measured by beta
counting (as previously described in Section 2.3.1), with quench correc-
tion performed using different volumes of acid digests and the external
standard method to correct for the counting efficiency difference with
that in the water. As quenching in water was constant, tissue counting
efficiency was thereby corrected to the same level as water counting ef-
ficiency. For Ag, Cd, Cu and Zn, uptake in snails (nmol·g−1) was calcu-
lated based on accumulation of radioactivity in the digested tissue and
the specific activity of the radioisotope in the water:

M uptake ¼ a � b � c−1� �−1 ð1Þ

where a = the CPM·g−1 of snail tissue (wet weight), b = the
CPM·mL−1 in thewater, and c= themeasured dissolvedmetal concen-
tration in the water (nmol·mL−1).

2.4. Data analyses

2.4.1. Metal aqueous speciation calculations
Measured water physico-chemistry was entered into the Winder-

mere Humic Aqueous Model (WHAM, version VII) to compute the free
ion activity of each metal M ({Mz+}, with z = 1 or 2) in the different
test solutions. The software's default thermodynamic database was un-
changed, except for themetal carbonate constants whichwere replaced
by the NIST recommended values (as detailed in Crémazy et al., 2018).
Metal complexation with dissolved organic matter (DOM) was
modelled using the classical assumption that DOM is composed of 50%
carbon by weight (Buffle, 1988) and corresponds to 65% “active” fulvic
acid (Bryan et al., 2002).
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2.4.2. Uptake data analyses
Uptake data analyses were performed on uptake fluxes (Jint, in

nmol·g·h−1), corresponding to the amount of metal (in nmol) per
unit of soft tissue weight (in g of wet weight) per unit of exposure
time (in hour). The BLM framework was used to analyze the obtained
dataset. As this model stipulates that bioavailability is better predicted
by the aqueous free ion metal activity {Mz+} rather than by the mea-
sured total dissolved metal concentration [M], data analysis was based
on {Mz+} (calculated as described in Section 2.4.1),

The single-metal and mixture uptake data were then analyzed by
regression, using the SigmaPlot® software. First, for each single-
metal uptake test, obtained Jint values were modelled at varying
{Mz+} according to the Michaelis-Menten saturation kinetics pre-
dicted by the BLM:

Jint ¼
Jmax � KM � Mzþ� �

1þ KM � Mzþ� � ð2Þ

The maximal flux Jmax (in nmol·g·h−1) corresponds to the situation
where the metal transport system is saturated with substrate. Under
equilibrium assumptions, KM (in M−1) is considered the apparent stabil-
ity constant between the metal M (M= Ag, Cd, Cu, Ni, Pb or Zn) and its
membrane transporter. It is equal to the inverse of the Michaelis-
Menten parameter Km (in M) (i.e., KM = 1 / Km). The value of KM is con-
ditional on the ionic strength, pH and temperature of the exposurewater.

Secondly, for each mixture uptake test, the effect of increasing the
secondarymetal free ion activity {M2

z+} on the primarymetalM1 uptake
flux was modelled with Eq. (3), which is an extension of Eq. (2). This
modeling was performed at each the two fixed {M1

z+} selected in each
binary mixture test (c.f. Section 2.3).

J int;M1
¼ J max;M1

� KM1 � Mzþ
1

� �

1þ KM1 � Mzþ
1

� �þ KM2 � Mzþ
2

� � ð3Þ

where Jmax,M1 is themaximal flux ofM1 andwhere KM1 and KM2 respec-
tively are the apparent stability constants of M1 and M2 with the mem-
brane transporter of M1.

A significant value for KM2 (p b 0.05) was interpreted as a significant
competitive interaction betweenM2 andM1 for binding to theM1mem-
brane transporter. For these modeling runs, the parameter KM1 was set
at the value obtained from the single-metal Jint modeling with Eq. (2),
while Jmax,M1 and KM2 were the fitting parameters. The parameter Jmax,

M1 was not fixed in order to account for potential physiological changes
between the snails used in the different tests. Indeed, physiological
changes affecting metal uptake are reflected in changes in Jmax values.
Since the single-metal andmixture uptake tests were not performed si-
multaneously, physiological differences and thus Jmax differences were
indeed possible. Additionally, a significant shift in Jmax between the
two selected {M1

z+} values may indicate a non-competitive type of in-
teraction between M1 and M2.

2.4.3. Statistical analyses
The significance level in this studywas set atα=0.05. Comparisons

among different tissues' metal contents were performed with an
ANOVA followed by a Tukey's HSD test for multiple comparisons. The
significance level on each fitted parameter from Eqs. (2) and (3) were
given by SigmaPlot®. Changes in Jmax between {M1

z+} for each binary
mixture uptake test was assessed with a t-test. Comparison between
the different metals' Jmax and KM values obtained with Eq. (2) was per-
formed with a t-test with a False Discovery Rate (FDR) correction for
multiple comparisons.

3. Results

Within the short time range of the uptake tests, the variation of the
measured water physico-chemistry parameters was b20%. The mean
physico-chemistry parameters are given in Section 2.1 of the Materials
and methods.

For each metal, individual metal uptake in the snail soft tissues in-
creased linearly over the short exposure times used in this study
(Fig. SI.1 in the Supporting information), indicating no detectable
backflux of the radioisotope (or cold Pb). Linear regressions of these re-
lationships showed y-intercepts which were not significantly different
from zero (p N 0.05), which, according to the classical interpretation of
uptake kinetic data, implies that only internalized metal and not
adsorbed metal was measured in the snails (Hassler et al., 2004). It
also indicates that the different rinsing procedures employed in this
study were efficient at removing surface-bound metals and/or that
this latter fraction was negligible compared to the internalized metal
fraction. These different observations on metal uptake kinetics con-
firmed that we were measuring internalization fluxes in our short-
term uptake tests.

3.1. Silver uptake

In the exposures with Ag only, Ag accumulated preferentially in the
foot and the mantle, with the lowest accumulation observed in the di-
gestive tract (Fig. 1A). According to WHAM VII, the free Ag+ repre-
sented 31% of the total dissolved Ag species (based on activity) in the
single-metal uptake tests (Table SI.1). The most important chemical
species was AgCl and the proportion of Ag bound to DOM was around
1%. Themeasured Ag Jint valueswere linear with {Ag+}, as no sign of up-
take saturation was observed (Fig. 2A). This profile corresponds to a
specific case of Eq. (2) where KM · [Mz+]≪ 1, so that Eq. (2) can be sim-
plified to the linear equation: Jint = Jmax · KM · [Mz+]. Hence, only the
slope Jmax · KAg could be obtained from the regression of these single
Ag uptake tests (see footnote of Table 1). However, theAg uptake profile
allowed us to estimate minimum values for Jmax (N6 nmol·g−1·h−1)
and KAg (N107.3 M−1) (Table 1). When expressed as a function of total
dissolved concentration, the apparent KAg value was N106.8 M−1 (see
Table SI.3).

In the mixture exposures, the WHAM VII calculations suggest that
the proportion of Ag+ in solution was unaffected by the presence of a
second metal (Table SI.2). Cadmium, Ni, Pb and Zn had no effect on Ag
Jint values (Fig. 2B, D, E, F), with no changes in Jmax,Ag (between each
{Ag+} tested) and no significant KM2 being observed from data fitting
with Eq. (3) (Table 2). Only Cu seemed to affect Ag uptake fluxes in
L. stagnalis, but in a way that did not follow BLM predictions (Fig. 2C).
Indeed, at both selected {Ag+} levels, Cu firstly enhanced (by up to 2-
fold at 2 nMCu2+) then inhibited Ag uptake in L. stagnalis. No significant
KM2 could be derived from these curves (Table 2). The overall effect of
Cu on Ag Jint, depicted in Fig. 2C, was a 70% decrease within the tested
concentration range (0–9 nM Cu2+) and a 60% decrease within the Cu
chronic concentration range (0–6 nM Cu2+).

3.2. Cadmium uptake

In the exposureswith Cd only, Cdwas around 4-timesmore concen-
trated in the digestive tract than in the rest of soft tissues analyzed,
which did not show any differential Cd burden (Fig. 1B). According to
the WHAM VII calculations for the Cd only uptake tests, the free Cd2+

was the most important of the dissolved species (57%, based on activ-
ity), followed by the sulfato- and DOM-complexes (around 10%), then
by the carbonato- and chloro-complexes (around 5%) (Table SI.1). The
Cd Jint values measured in the soft tissues of L. stagnalis showed a
Michaelis-Menten type of relationship with {Cd2+} (Fig. 3A). The corre-
sponding estimated Jmax was 41 nmol·g−1·h−1 and the apparent KCd

was 105.6 M−1 (Table 1). When the analysis was based on total dis-
solved concentration rather than free ion activity, the KCd value slightly
decreased to 105.3 M−1 (Table SI.3).

In the mixture exposures, the WHAM VII calculations suggest that
the proportion of Cd2+ in solution was negligibly affected by the
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Fig. 1. Concentration of A)Ag, B) Cd, C) Cu, D)Ni, E) Pb and F) Zn in the foot, themantle, the rest of the soft tissues and the digestive tract (with chyme) of L. stagnalis exposed for 2 h (3 h for
Pb).Water exposure concentrationswere 0.1 μMAg, 0.2 μMCd, 0.1 μMCu, 5 μMNi, 0.4 μMPb and3 μMZn.Values aremean±SE (n=6). Comparisons between tissues are performedwith
a one-way ANOVA with a Tukey test (α = 0.05). Estimates not sharing common letters are significantly different.
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presence of a secondmetal in solution (Table SI.2). Nickel, Pb and Zn had
no effect on Cd uptake in L. stagnalis (Fig. 3D, E, F and Table 2), but Ag and
Cu both inhibited Cd uptake fluxes in amanner that could be captured by
the BLM (Fig. 3B, C and Table 2). Indeed, fitting Cd Jint with Eq. (3) pro-
vided conditional affinity constants of Ag and Cu for the Cd transporter:
the KAg was calculated at 107.7–7.6 M−1 (at low and high Cd concentra-
tions), while the KCu was calculated at 108.2–8.1 M−1 (at low and high Cd
concentrations). On the other hand, no apparent effect of these secondary
metals was observed on Jmax,Cd. Overall, the effects on Cd Jint were a 70%
decrease within the tested Ag and Cu concentration ranges (0–50 nM
Ag+and0–11nMCu2+) and a 50%decreasewithin the Ag andCu chronic
concentration ranges (0–30 nM Ag+ and 0–6 nM Cu2+).
3.3. Copper uptake

In the exposures with Cu only, Cu was equally accumulated in the
different snail tissues (Fig. 1C). For the Cu-alone uptake tests, the pro-
portion of free Cu2+ in solution varied from0.18 to 3.5% (based on activ-
ity) within the range of the total dissolved Cu concentration tested.
Indeed, WHAM VII predicted a gradual occupancy of the finite number
of DOM binding sites with the increase of total aqueous Cu, with the
proportion of Cu-DOM decreasing from 98 to 56%. The measured Cu
Jint in the soft tissues of L. stagnalis showed a Michaelis-Menten type
of relationship with {Cu2+} (Fig. 4A). The estimated Jmax was
2.5 nmol·g−1·h−1 and the apparent KCu was 108.7 M−1 (Table 1).
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Fig. 2. Internalization flux of Ag in the soft tissues of L. stagnalis exposed for 2 h, as a function of the calculated aqueous activity of A) Ag+, B) Cd2+, C) Cu2+, D) Ni2+, E) Pb2+ and F) Zn2+. Values
aremean± SE (n=3). Data in panelAwere obtained from a single-metal uptake test and are fittedwith Eq. (2) (plain line: regression line). Data in panels B, C, D, E and Fwere obtained from
binarymixture tests at twoAg+ concentrations (white and black circles) andwerefittedwithEq. (3) (plain lines: regression lines,withKM2 set to 0when found to benon-significant (pN 0.05)).
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When the analysis was based on total dissolved concentration, the KCu

value decreased considerably to 106.1 M−1 (Table SI.3).
In the mixture exposures, the WHAM VII calculations suggest that

the proportion of Cu2+ was significantly increased by the presence of
Ni (up to 1.8-fold), Pb (up to 3.4-fold) and Zn in solution (up to 9.5-
fold), as a result of multi-metal competition for complexation to the
same DOM binding sites (Table SI.2). However, these geochemical ef-
fects did not increase Cu uptake (note: regression analyses with
Eq. (3) were performed on the mean {Cu2+} values). Indeed, only Ag
seemed to affect Cu Jint values, in an inhibitory fashion (Fig. 4B). This
inhibition by Ag could be captured by the BLM (Table 2), with a condi-
tional affinity constants of Ag for the Cu transporter of 107.8 M−1 (and
no apparent change in Jmax,Cu). The overall effect on Cu Jint was a 80% de-
crease within the tested Ag concentration range (0–80 nM Ag+) and a
50% decrease within the Ag chronic concentration range (0–30 nM Ag+).

3.4. Nickel uptake

In the exposures with Ni only, Ni was equally accumulated by the dif-
ferent snail tissues analyzed in this study (Fig. 1D). According to the



Table 1
Summary of the BLM parameters: log KM (log of the apparent stability constant between
the metal M and its membrane transporter, in M-1) and Jmax (the maximal uptake flux,
in nmol∙g-1∙h-1). These values were obtained by fitting the single-metal uptake kinetics
data using estimated free ion concentrations (panels A of Fig. 2 to 7) with Eq. 2. Values
are mean estimates with their 95% confidence intervals, except for KM and Jmax of Ag
where only minimum values could be estimated. For each parameter, comparison be-
tween metals was performed with a t-test with a false discovery rate (FDR) correction
(α = 0.05). Estimates not sharing common letters are significantly different.

Log KM Jmax R2 n

Ag+ ⁎ N 7.3 N 6 0.886 32
Cd2+ 5.6 [n.a.⁎⁎ – 6.0] abcd 41 [10 - 71] a 0.964 9
Cu2+ 8.7 [7.8 - 8.9] a 2.5 [1.7 - 3.4] b 0.982 10
Ni2+ 5.9 [5.3 - 6.1] b 3.6 [2.4 - 4.9] b 0.961 10
Pb2+ 8.1 [7.6 - 8.3] c 7.7 [4.8 - 11] c 0.965 8
Zn2+ 5.1 [4.6 - 5.4] d 32 [21 - 44] a 0.960 9

⁎ Log (Jmax∙ KAg) = 8.0 [8.0 – 8.1]
⁎⁎ n.a.: not applicable (lower limit b0).

1617A. Crémazy et al. / Science of the Total Environment 647 (2019) 1611–1625
WHAMVII calculations, the proportion of Ni2+was themost important of
the dissolved species (58%, based on activity) in theNi-alone uptake tests.
Other significant chemical species were carbonato-, sulfato- and DOM-
complexes. Nickel uptake fluxes in the soft tissues of L. stagnalis showed
a Michaelis-Menten type of relationship as a function of {Ni2+}
(Fig. 5A). The estimated Jmax was 3.6 nmol·g−1·h−1 and the apparent
KNi was 105.9 M−1 (Table 1). When the analysis was based on total dis-
solved concentration, the KNi value slightly decreased to 105.6 M−1

(Table SI.3).
Table 2
Summary of the BLMparameters obtained by fitting the binarymetalmixture uptake data
(panels B to F of Fig. 2 to 7)with Eq. 3 for each concentration of the primarymetal M1. Pa-
rameters are Jmax, M1 (maximal uptake flux of M1, in nmol∙g-1∙h-1) and log KM2 (log of sta-
bility constant between the metal M2 and the membrane transporter of M1, in M-1),
except for Ag where log (Jmax,M1 ∙ KM1) is given instead of Jmax, M1. Values are mean with
their 95% confidence intervals, except for non-significant parameters where p N 0.05 is in-
dicated. For each parameter, a significant difference between the two M1 concentrations
are indicated with an asterisk * (t-test, α = 0.05).

M1 M2 Jmax, M1 (for Cd, Cu, Ni, Pb, Zn)
Log (Jmax,M1 ∙ KM1) (for Ag)

Log KM2

Low [M1] High [M1] Low [M1] High [M1]

Ag Cd 8.2 [7.8 – 8.4] 8.2 [7.7 – 8.4] p N 0.05 p N 0.05
Cu 8.1 [7.6 – 8.3] 8.0 [7.5 – 8.3] p N 0.05 p N 0.05
Ni 8.2 [8.8 – 8.5] 8.3 [7.1 – 8.5] p N 0.05 p N 0.05
Pb 8.1 [7.5 – 8.4] 8.0 [7.6 – 8.2] p N 0.05 p N 0.05
Zn 8.2 [7.7 – 8.4] 8.1 [7.6 – 8.3] p N 0.05 p N 0.05

Cd Ag 69 [58 - 80] 72 [58 – 85] 7.7 [7.2 – 7.9] 7.6 [6.9 – 7.9]
Cu 54 [43 - 65] 51 [43 - 59] 8.2 [7.4 - 8.5] 8.1 [7.8 - 8.3]
Ni 82 [65 - 98] 86 [70 - 102] p N 0.05 p N 0.05
Pb 59 [52 - 66] 56 [45 - 67] p N 0.05 p N 0.05
Zn 48 [42 - 54] 52 [42- 62] p N 0.05 p N 0.05

Cu (see
note)

Ag 4.6 [3.4 - 5.7] 3.6 [2.6 – 4.7] 7.7 [6.7 - 8.0] 7.8 [7.1 - 8.1]
Cd 5.3 [3.0 - 7.7] 3.3 [1.9 - 4.7] p N 0.05 p N 0.05
Ni 2.1 [1.4 - 2.8] 1.4 [1.0 - 1.8] p N 0.05 p N 0.05
Pb 1.9 [0.8 - 3.1] 2.1 [0.9 - 3.2] p N 0.05 p N 0.05
Zn 2.8 [1.7 - 3.8] 2.5 [1.7 - 3.3] p N 0.05 p N 0.05

Ni Ag 9.6 [7.5 - 12] 9.6 [7.9 - 11] p N 0.05 p N 0.05
Cd 5.1 [3.8 - 6.5] 6.2 [4.2 - 8.2] p N 0.05 p N 0.05
Cu 6.2 [4.2 - 8.2] 8.1 [6.9 - 9.3] p N 0.05 p N 0.05
Pb 5.7 [4.0 - 7.3] 6.1 [4.7 - 7.4] p N 0.05 p N 0.05
Zn 4.5 [3.7 - 5.2] 5.7 [4.3 - 7.0] p N 0.05 p N 0.05

Pb Ag 4.9 [3.2 - 6.5] * 7.4 [5.6 - 9.3] * p N 0.05 7.3 [6.4 - 7.6]
Cd 10 [7.5 - 13] 7.6 [5.0 - 10] p N 0.05 p N 0.05
Cu 7.3 [5.4 - 9.1] 8.1 [4.9 - 11] p N 0.05 p N 0.05
Ni 9.1 [5.8 - 12] 8.2 [6.0 - 10] p N 0.05 p N 0.05
Zn 8.5 [3.9 - 13] 14 [9.2 - 19] p N 0.05 p N 0.05

Zn Ag 35 [30 - 40] 37 [27 - 446] 7.2 [6.6 - 7.4] 7.4 [5.8 - 7.7]
Cd 42 [11 - 73] 50 [33 - 67] p N 0.05 p N 0.05
Cu 42 [34 - 51] 40 [32 - 48] 8.1 [7.7 - 8.3] 8.2 [7.9 - 8.4]
Ni 41 [35 - 47] * 29 [24 - 33] * p N 0.05 p N 0.05
Pb 39 [30 - 48] 29 [22- 37] p N 0.05 p N 0.05

Note: The % Cu2+ considerably varied with Pb, Ni and Zn (as described in Table SI.2) and
these regression analyses were performed on mean {Cu2+} values.
In the mixture exposures, the WHAM VII calculations suggest that
the proportion of Ni2+ in solution was negligibly affected by the pres-
ence of a second metal (Table SI.2). Nickel uptake in L. stagnalis was
not affected by the presence of any other metal in solution. (Fig. 5,
Table 2).
3.5. Lead uptake

In the exposures with Pb only, Pb was equally accumulated by the
different snail biological compartments analyzed in this study
(Fig. 1E). In the Pb-alone uptake tests, the proportion of free Pb2+

in solution varied slightly from 5.6 to 7.3% (based on activity) within
the range of the total dissolved Pb concentration (Table SI.1). As for
Cu, this increase was attributed to a gradual occupancy of the finite
number of DOM binding sites with the increase of aqueous Pb
(with a decrease of Pb-DOM from 53 to 38%). Lead uptake fluxes
in the soft tissues of L. stagnalis showed a Michaelis-Menten type
of relationship with {Pb2+} (Fig. 6A). The fitted Jmax was
7.7 nmol·g−1·h−1 and the apparent KPb was 108.3 M−1 (Table 1).
When the analysis was based on total dissolved concentration, KPb

considerably decreased to 106.6 M−1 (Table SI.3).
In the mixture exposures, the WHAM VII calculations suggest

that the presence of a second metal negligibly affected the propor-
tion of Pb2+ in solution (by b1.3-fold) (Table SI.2). Nickel, Pb and
Zn had no effect on Pb uptake in L. stagnalis. A small but significant
30% inhibitory effect occurred within the tested/chronic Ag concen-
tration range, but only at the highest Pb concentration tested
(Fig. 6B). For this effect, the conditional affinity constant of Ag for
the Pb transporter was of 107.3 M−1 (p = 0.033) (Table 2). In addi-
tion, a small but significant increase of Jmax,Pb value (by 1.5-fold, p=
0.026) occurred (Table 2), suggesting an un-competitive type of
effect.
3.6. Zinc uptake

In the exposures with Zn only, Zn was around 5-times more con-
centrated in the digestive tract than in the rest of soft tissues ana-
lyzed (Fig. 1F). According to the WHAM VII calculations for the Zn-
alone uptake tests, Zn2+ was the most important of the dissolved
species (53%, based on activity). Other significant chemical species
were hydroxo, carbonato-, sulfato- and DOM-complexes, in compa-
rable proportions. Zinc uptake fluxes in the soft tissues of
L. stagnalis showed a Michaelis-Menten type of relationship with
{Zn2+} (Fig. 7A). The fitted Jmax was 32 nmol·g−1·h−1 and the fitted
apparent KZn was 105.1 M−1 (Table 1). When the analysis was based
on total dissolved concentration, the KZn value decreased slightly to
104.9 M−1 (Table SI.3).

In the mixture exposures, the WHAM VII calculations suggest that
the proportion of Zn2+ in solution was negligibly affected by the pres-
ence of a second metal (Table SI.2). Cadmium and Pb had no effect on
Zn Jint values (Fig. 7C, F and Table 2). Silver and Cu both inhibited Zn up-
take fluxes in a manner that could be captured by the BLM (Fig. 7B, D
and Table 2). Regressionswith Eq. (3) provided conditional affinity con-
stants of Ag and Cu for the Zn transporter of around 107.4 and 108.2M−1,
respectively (with no apparent effect of these secondmetals on Jmax,Zn).
Overall, the Ag effects on Zn Jint were a 60% decrease within the tested
Ag concentration ranges (0–80 nM Ag+) and a 30% decrease within
the Ag chronic concentration ranges (0–30 nM Ag+). The Cu effects on
Zn Jint were a 50% decrease within the tested Cu concentration ranges
(0–12 nM Cu2+) and a 40% decrease within the Cu chronic concentra-
tion ranges (0–6 nM Cu2+). Finally, in the presence of Ni, Jmax,Zn was
slightly but significantly decreased (by 1.4-fold, p = 0.001) at the
highest compared to the lowest Zn concentration tested (Fig. 7E and
Table 2).
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Fig. 3. Internalization flux of Cd in the soft tissues of L. stagnalis exposed for 2 h, as a function of the calculated aqueous activity of A) Cd2+, B) Ag+, C) Cu2+, D) Ni2+, E) Pb2+ and F) Zn2+. Values
aremean± SE (n=3). Data in panel Awere obtained from a single-metal uptake test and are fittedwith Eq. (2) (plain line). Data in panels B, C, D, E and Fwere obtained from binarymixture
tests at two Cd2+ concentrations (white and black circles) and were fitted with Eq. (3) (plain lines: regression lines, with KM2 set to 0 when found to be non-significant (p N 0.05)).
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4. Discussion

4.1. Single-metal uptake

4.1.1. Metal tissue distribution
The uptake of both tracemetals andmajor ions generally occur via the

gills in aquatic organisms. However, as a pulmonate snail, L. stagnalis does
not have gills, somuch of the ion uptake in this species is thought to occur
across the skin, over the whole exposed epithelial surface (Boer and
Witteveen, 1980; Schlichter, 1982). In the present study, the short-term
metal distribution patterns observed in the soft tissues agreed with this
assumption. Indeed, differential soft tissue accumulation was only ob-
served for Ag, for which accumulation seemed very slightly higher in
the foot and the mantle. With regards to accumulation in the digestive
tract, different patterns emerged. A slightly lower to similar concentration
was observed in the digestive tract compared to soft tissue for Ag, Cu, Ni
and Pb. On the other hand, a higher concentrationwas observed in the di-
gestive tract for Cd (3-fold) and Zn (6-fold). Since the snail digestive sys-
tem is not directly in contact with the ambient water, a low metal
accumulation in the digestive tract could be a priori expected in our
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Fig. 4. Internalization flux of Cu in the soft tissues of L. stagnalis exposed for 2 h, as a function of the calculated aqueous activity of A) Cu2+, B) Ag+, C) Cd2+, D) Ni2+, E) Pb2+ and F) Zn2+.
Values are mean ± SE (n = 3). Data in panel Awere obtained from a single-metal uptake test and are fitted with Eq. (2) (plain line). Data in panels B, C, D, E and F were obtained from
binarymixture tests at two Cu2+ concentrations (white and black circles) andwere fittedwith Eq. (3) (plain lines: regression lines, with KM2 set to 0when found to be non-significant (p N

0.05)). Note that while mean {Cu2+} are given in each panel (and were used for regression analysis), the % Cu2+ considerably varied with Pb, Ni and Zn (as described in Table SI.2).
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short-term uptake tests. However, oral water ingestion is known to occur
in L. stagnalis (DeWith, 1996). Hence, themetal concentrations observed
in the digestive tract could reflect the ambient metal concentration. A
similar water ingestion rate across the different uptake tests, associated
with differential levels ofmetal uptake through the skinmay partially ex-
plain the different proportion of digestive tract vs. soft tissues concentra-
tion across metals. Note also that, similarly to Cd and Zn, Pb was quite
elevated in the digestive tract (although not significantly higher than in
the soft tissues). Yet, these three metals are considered to be Ca-
analogues (Hogstrand et al., 1996; Wood, 2001; Rogers et al., 2003;
Muyssen et al., 2006). Hence, this patternmay indicate some preferential
Ca uptake pathways in the digestive tract of L. stagnalis. Based on these re-
sults,metal uptakewasmeasured in thewhole soft tissueswithout the di-
gestive tracts in the subsequent experiments.

4.1.2. Kinetics of metal uptake
For each metal M, the relationship between Jint and {Mz+} was well

captured by Eq. (2) of the BLM, although Ag did not show a saturation
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Fig. 5. Internalization flux of Ni in the soft tissues of L. stagnalis exposed for 2 h, as a function of the calculated aqueous activity of A) Ni2+, B) Ag+, C) Cd2+, D) Cu2+, E) Pb2+ and F) Zn2+. Values
aremean± SE (n=3). Data in panel Awere obtained from a single-metal uptake test and are fittedwith Eq. (2) (plain line). Data in panels B, C, D, E and Fwere obtained from binarymixture
tests at two Ni2+ concentrations (white and black circles) and were fitted with Eq. (3) (plain lines: regression lines, with KM2 set to 0 when found to be non-significant (p N 0.05)).
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profile over the range of {Ag+} tested. The metal transport capacity,
quantified by the obtained Jmax values, decreased by 16-fold in the
order Cd ~ Zn N Pb N Cu ~ Ni, while the Jmax value of Ag was higher
than that of Cu and Ni. The metal-transporter apparent affinities, quan-
tified by the obtained affinity constants KM, were within the range of
values generally reported for metal uptake to other aquatic organisms,
such as the extensively studied rainbow trout (see e.g. Km (=1 / KM)
Michaelis-Menten values reported by Brix et al., 2016, 2017). Note
that these KM values are conditional to the water ionic composition, as
they may include the competing effects of ions such as Ca2+, Mg2+,
H+ or Na+, which would decrease their true values. The observed KM

values increased by 3400-fold in the order Zn b Ni b Pb b Cu, while
KAg was higher than Cd, Ni and Zn KM values. For Cd, the large uncer-
tainty around its KM estimate did not lead to any significant difference
with the other metals. Interestingly, the observed order in KM values
was in agreement with the order in the chronic sensitivity of juvenile
L. stagnalis to these six metals observed in a previous study (Crémazy
et al., 2018). In this latter work, we estimated the free ion activities at
50% effect from 14-d growth tests with juvenile snails. These EC50Mz+

values, inversely proportional to snail sensitivity, increased in the
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following order: Cu b Pb b Ag b Cd b Ni b Zn. The resulting positive rela-
tionship between metal binding constant KM and metal chronic sensi-
tivity to L. stagnalis is similar to the relationship observed between KM

and acute sensitivity in rainbow trout (Niyogi and Wood, 2004), al-
though the ordering of metals differs somewhat. As in rainbow trout,
it suggests a potential link between short-term metal uptake and, in
this case, long-term metal toxicity in this organism. Mechanisms of
chronic toxicity are generally much more complex than acute toxicity,
as many time-dependent physiological processes may come into play,
including uptake, translocation, metabolism and depuration. Yet, as a
first step of metal-organism interaction, short-term metal uptake rates
could be an indicator of long-term tissue accumulation, which in term
may indicate chronic toxicity (Adams et al., 2011). In line with this as-
sumption, past studies on L. stagnalis showed that chronic sensitivity
to metals may be related to poor regulation of metal body burden, i.e.
to high metal accumulation (Amiard and Amiard-Triquet, 1979; Pyatt
et al., 1997, 2003; Croteau and Luoma, 2009; Niyogi et al., 2014). In
agreement with these studies, we have observed significant tissue bio-
accumulation of all six metals in the 14-d toxicity tests conducted
with juvenile L. stagnalis (Fig. SI.2 in the Supporting information).
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4.2. Multi-metals interactions

Two important types of multi-metal interactionswere characterized
in the present study: (i) geochemical interactions in the exposurewater
and (ii) interactions at the site of biological uptake. The first type of in-
teraction was predicted by thermodynamic calculations with WHAM
VII. According to these calculations, limited DOM binding sites for Cu,
a metal with a chemical speciation that is strongly dominated by DOM
complexes, made Cu speciation particularly sensitive to the presence
of a second metal in solution. Indeed, because of competition for com-
plexation to the same binding sites on the DOM, free Cu2+ ion activity
increased in the presence of Ni (up to 1.8-fold), Pb (up to 3.4-fold)
and Zn in solution (up to 9.5-fold). According to the BLM, an increase
in free metal ion activity should lead to a corresponding increase in
metal uptake, provided that the transport system is not already satu-
rated, and that the concentration of competing ions is kept constant
(cf. Eqs. (2) and (3)). Hence, this type of multi-metal interaction has
the capacity to explain more-than-additive multi-metal interactions
for uptake. Yet, in the present study, there was no effect of Ni, Pb or
Zn on Cu uptake (cf. Fig. 2D, E, F). We identified three possible explana-
tions for these observations. First, competition of Ni2+, Pb2+ and Zn2+

with Cu2+ at the membrane transporter for Cu could theoretically
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cancel out the positive effect of the increased {Cu2+} on Cu uptake
caused by competition at DOM sites. However, it seems rather unlikely
that a perfect counter-balance between these two opposing effects
would fortuitously be obtained for these three binary metal combina-
tions in the present study. A second explanation could be that Cu uptake
by L. stagnalis constitutes an exception to the BLM and therefore does
not follow its predictions. Deviation from the model occurs if one or
more of its underlying assumptions are not fulfilled (e.g. metal com-
plexes such as Cu-DOMcomplexes should not be bioavailable). Previous
studies have shown that the BLM framework was rather successful at
predicting Ni and Zn chronic toxicity to L. stagnalis in natural waters
with different chemistries (including broad ranges of DOC concentra-
tions) (De Schamphelaere and Janssen, 2010; Schlekat et al., 2010).
Yet, the BLM remains to be specifically tested for Cu uptake in
L. stagnalis. Finally, a third explanation could lie in the inherent uncer-
tainties surrounding chemical speciation calculations from thermody-
namic software such as WHAM. Indeed, different sources of
uncertainties may lead to relatively large errors inmetal speciation pre-
dictions: uncertainties on the input water chemistry, on the assump-
tions made on metal-DOM binding properties and on the
thermodynamic constants used in the software (Unsworth et al.,
2006; Tipping et al., 2011). In our study, these errors may have led to
over-estimating the competition between Cu2+ and Ni2+, Pb2+ and
Zn2+ for DOM binding sites.

Out of the 15 binary mixtures tested in this study, multi-metal ef-
fects on biological uptake were observed for 7 of them. Virtually all
the effects were caused by either Ag or Cu, and were inhibitory in na-
ture. These effects at most represented a 50% (i.e., 2-fold) reduction in
metal uptake. In the present study, this second type of multi-metal in-
teractionwas analyzed using the BLM conceptual framework. In theory,
for a binary metal mixture, the BLM can model strictly additive uptake
with a two-site model (with one independent uptake site for each
metal) and less-than-additive uptake (i.e., antagonistic interactions)
with a one-site model (with metals competing for binding to this
same transport site). On the other hand, without geochemical interac-
tions leading to increased free ion activities (as described above),
more-than-additive uptake cannot be explained by the BLM and
would indicate a deviation from its underlying premises (e.g. the phys-
iology of the organism should remain unchanged over the time of expo-
sure). In the present study, the BLM could partially to fully explain
multi-metal interactions observed for 5 mixtures (Ag/Cu, Ag/Cd, Cd/
Cu, Zn/Ag, Zn/Cu), but could not explain the (very small) effects ob-
served for 2 mixtures (Ag/Pb and Ni/Zn). Silver and Cu both affected
each others' uptake, but in differentways. The BLMpredicted a compet-
itive inhibition from Ag (M2) on Cu (M1) uptake, with a KM2 about one
order of magnitude lower than the conditional KM1. Note however that
contrary to KM1, KM2 is not conditional on the ionic composition of the
exposure medium, which limits the direct comparison between the
two parameters. Copper, however, seemed to affect Ag uptake in a
more complex manner which could not be captured by the BLM, as a
slight enhancement followed by an inhibition of Ag uptake was ob-
served within the Cu concentration range tested. This type of hormesis
effect onmetal uptake from a secondarymetal has been reported previ-
ously (Chen et al., 2010). In the present study, it may be indicative of a
physiological effect of Cu on Ag transporter capacity that would modu-
late Jmax,Ag (e.g., a change in the density of Ag transporters or in their
conformation). Stimulatory effects on uptake have also been observed
by Niyogi et al. (2015) in rainbow trout exposed to a Ag/Cu mixture.
However, in this latter study, it was Cu uptake which appeared to be
stimulated by Ag. Further investigations are needed to fully understand
the apparent complexity of the Ag/Cu interactions at the water-
organism interface. In addition to the effect of Cu on Ag uptake, non-
competitive or uncompetitive effects that could not be explained by
the BLM were also observed for Ag/Pb and Ni/Zn mixtures in our
study. Indeed, Ag slightly inhibited (30% decrease) Pb uptake, but only
at the highest Pb concentration tested, where a small increase of Jmax,
Pb value (by 1.5-fold) also occurred. In addition, in the presence of Ni,
Jmax,Zn was slightly different between the two Zn concentrations tested
(by 1.4-fold). These small changes in Jmax suggest physiological effects
occurring on metal transport capacity. Further work is needed to fully
characterize these types of effects and evaluate their environmental rel-
evance. Finally, Ag andCuboth inhibited Cd and Zn uptake (but not vice-
versa), in a competitive way that was captured by the BLM. These latter
interactions were less expected than interactions between Ag and Cu.
Indeed, physiological studies on metal toxicity to aquatic organisms
have led to a traditional classification of tracemetals into two categories
within which metal interactions are considered more likely to occur:
(i) Na-antagonists, comprising Ag and Cu (Grosell et al., 2002) and (ii)
Ca-antagonists, comprising Cd, Pb and Zn (Hogstrand et al., 1996;
Wood, 2001; Rogers et al., 2003; Muyssen et al., 2006). However, this
classification originates from acute toxicity studies thatwere conducted
with fish at higher metal concentrations, and may hence not apply in
the present chronic study with L. stagnalis. Indeed, observations suggest
that disruption of Ca homeostasis is associated with chronic metal tox-
icity to L. stagnalis. Yet, L. stagnalis is very sensitive to Cu (Brix et al.,
2011; Crémazy et al., 2018), but relatively insensitive to Zn (De
Schamphelaere and Janssen, 2010). Futhermore, even previous metal
mixture studies with fish have reported interactions that were not fol-
lowing predictions based on the Ca-/Na-antagonist classification
(Niyogi et al., 2015; Brix et al., 2016; Brix et al., 2017). For example, as
in thepresent study, Cuhas previously been shown to inhibit Cdbinding
to fish gills (Pelgrom et al., 1995; Komjarova and Blust, 2009; Niyogi
et al., 2015).

4.3. Environmental relevance

As for the observedmulti-metals interactive effects onmetal chronic
toxicity to L. stagnalis (Crémazy et al., 2018), the amplitude of the inter-
active effects on short-term uptake observed in the present study were
generally very small in the chronic concentration ranges. Hence, a first
important conclusion from this work is that the bias generated from
modelingmetal uptakewithout accounting formulti-metal joint effects
will remain relatively low. Second, the BLM could capture most of the
important multi-metal effects observed on metal uptake in L. stagnalis,
while a few non-competitive or uncompetitive effects were also ob-
served. Hence, from the uptake dataset obtained in the present study,
a metal mixture BLM for uptake (mBLM) could be developed to explain
the uptake patterns of most binary metal mixtures in L. stagnalis. How-
ever, it should be noted that while the present uptake study offers some
valuable insights into possible multi-metal interactions on uptake
mechanisms in L. stagnalis, important areas of uncertainties remain. No-
tably, it should be emphasized that an observed inhibition of M1 uptake
byM2 does not necessarily means that M2 usesM1 transporters. Indeed,
M2 could bind to M1 uptake sites, effectively blocking M1 internaliza-
tion, without being subsequently taken up itself. Certainly, a given
metal can bind to a variety of “inert” and “active” sites at biological
membranes (Slaveykova and Wilkinson, 2002). Furthermore, a metal
can use different membrane transporters with different affinities and
capacities in a same species (Lavoie et al., 2012). Unfortunately, the
identity and number of transporters used by Ag, Cd, Cu, Ni, Pb and Zn
in L. stagnalis remain virtually unknown. Thus, additional studies
would have to be undertaken to obtain full unequivocal characterization
of metal mixture uptake in L. stagnalis, although the present study
allowed the formulation of useful assumptions on the nature of multi-
metal interactions for future modeling work.

While the links between short-term metal uptake and long-term
metal toxicity remain elusive in L. stagnalis, a few parallels were ob-
served between the uptake data from this study and the toxicity data
from Crémazy et al. (2018). Indeed, there was a good agreement be-
tween the short-term metal transport affinity KM and the chronic EC
values previously obtained. Furthermore, the multi-metal interactions
observed on both short-term uptake and long-term toxicity were
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generally of low amplitude. However, while some of the antagonisms
previously observed in metal mixture chronic toxicity could be poten-
tially explained by competition for short-term metal uptake (e.g. for
Cu/Zn and Ag/Znmixtures), other observations onmetal mixture toxic-
ity were not supported by the present short-term data. For example, the
more-than-additive chronic toxicity observed for the Cd/Nimixture and
the less-than-additive chronic toxicity observed for the Cd/Zn mixture
were not supported by the uptake data, as no interaction for uptake
was observed between these metals. These observations probably sug-
gest that multi-metals interactions exist at other biological levels affect-
ing chronic toxicity (e.g. detoxification), and that the site of uptake and
the site of action are not necessarily the same. Thus, a mBLM derived
from the current uptake dataset would not suffice to model multi-
metals chronic toxicity to L. stagnalis, but would rather constitute a
first mathematical component of a more complex metal mixture toxic-
ity model (e.g. a Toxicokinetic-Toxicodynamic model).
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