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A B S T R A C T

We evaluated the effects of varying water chemistry ([Ca2+] = 0.2–3 mM, [Mg2+] = 0.05–3 mM, dissolved
organic matter (DOM, natural, from maple leaves) = 0.3–10 mg of C L−1, pH = 5.0–8.5) on the acute (96-h,
unfed fish) and chronic (30-d, fed fish) toxicity of waterborne Cu to juvenile rainbow trout (Oncorhynchus mykiss)
exposed in flow-through conditions. Acute and chronic Biotic Ligand Models (BLMs) were developed from the
obtained toxicity data-sets, using the Visual MINTEQ software. Our results indicate that Cu is predominantly an
acute toxicant to rainbow trout, as there were no observable growth effects and the 96-h and 30-d LC50 values
were similar, with mortality mostly occurring within the first few days of exposure. Calcium and DOM were
greatly protective against both acute and chronic Cu toxicity, but Mg seemed to only protect against chronic
toxicity. Additional protection by pH 5.0 in acute exposure and by pH 8.5 in chronic exposure occurred. In the
range of conditions tested, the observed 96-h LC50 and 30-d LC20 values varied by a factor of 39 and 27
respectively. The newly developed acute and chronic BLMs explained these variations reasonably well (i.e.
within a 2-fold error), except at pH≥ 8 where the high observed acute toxicity could not be explained, even by
considering an equal contribution of CuOH+ and Cu2+ to the overall Cu toxicity. The 96-h LC50 values of 59%
of 90 toxicity tests from 19 independent studies in the literature were reasonably well predicted by the new acute
BLM. The LC20 predictions from the new chronic BLM were reasonable for 7 out of 14 toxicity tests from 6
independent chronic studies (with variable exposure durations). The observed deviations from BLM predictions
may be due to uncertainties in the water chemistry in these literature studies and/or to differences in fish
sensitivity. A residual pH effect was also observed for both the acute and the chronic data-sets, as the ratio of
predicted vs. observed LC values generally increased with the pH. Additional mechanistic studies are required to
understand the influence of pH, Na, and Mg on Cu toxicity to trout. The present study presents the first ex-
perimentally developed chronic Cu BLM for the rainbow trout. To the best of our knowledge, it also presents the
first acute Cu BLM that is based on a published data-set for trout. These newly developed BLMs should contribute
to improving the risk assessment of Cu to fish in freshwater.

1. Introduction

Over 40 years of research have brought unequivocal evidence that
water chemistry, such as the pH, the hardness and the concentration of
dissolved organic matter (DOM), strongly modulates metal bioavail-
ability and hence toxicity to aquatic organisms (Sunda and Guillard,
1976; Allen et al., 1980; Pagenkopf, 1983). The Biotic Ligand Model
(BLM), developed from these observations, proposes a conceptual fra-
mework describing the relationship between water chemistry and metal
bioavailability to aquatic organisms (Bergman and Doward-King, 1997;
Di Toro et al., 2001; Santore et al., 2001; Paquin et al., 2002; Niyogi

and Wood, 2004). This model is based on the simplifying premise that
metal toxicity is proportional to the amount of metal bound onto sen-
sitive biological sites (called biotic ligands (BL), e.g. ion channels at the
gill epithelium), which is reduced by (i) the presence of aqueous cations
(e.g. Ca2+ and Mg2+) competing with the metal for binding to the BL
and by (ii) the presence of aqueous ligands (e.g. DOM, OH−, SO4

2−)
competing with the BL for binding to the metal. Thus, for a given metal
M, water chemistry and biological species, a concentration of M leading
to a certain effect level (e.g. LC50: median lethal concentration) can be
determined by knowing the affinity constants describing the above
chemical reactions (e.g. KMBL, KHBL, KMSO4, KMOH, etc.) as well as the
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species-specific concentration of M-BL associated with this effect level
(e.g. LA50: median lethal accumulation). A BLM corresponds to a set of
these parameters and is usually specific to a metal, an organism and an
exposure regime (e.g. acute Cu BLM for Daphnia magna, De
Schamphelaere and Janssen, 2002).

The BLM has been recognized as a mechanistic, cost-effective and
flexible tool to develop site-specific water quality criteria (Campbell
et al., 2006; Van Sprang et al., 2009, 2016; Peters et al., 2011, 2016;
Hoppe et al., 2015) and several legislations now use BLM-based ap-
proaches for the regulation of different metals (e.g. the freshwater Cu
criteria of the United States and the European Union; USEPA, 2007;
ECHA, 2008; ECI, 2008; Lathouri and Korre, 2015). Over the past
decades, toxicity data collected in different waters have been used to
develop BLMs. However, while water chemistry effects on acute (short-
term) metal toxicity are relatively well documented for certain metals
and organisms, they remain largely unknown for chronic (long-term)
toxicity. The collection of chronic toxicity data-sets (exposure typi-
cally> 2–3 weeks) is inherently more time-consuming and costly than
the collection of acute toxicity data-sets (typically 48–96 h of ex-
posure). So far, a few chronic BLMs have been developed, but mostly
for invertebrates (Cu: De Schamphelaere and Janssen, 2004a; Zn:
Heijerick et al., 2005; Ni: Deleebeeck et al., 2008; Schlekat et al., 2010;
Pb: Nys et al., 2014; De Schamphelaere et al., 2014). For fish, only a
chronic Zn BLM for rainbow trout (De Schamphelaere and Janssen,
2004b) and a chronic Pb BLM for fathead minnow (Van Sprang et al.,
2016) have been proposed. Therefore, chronic water quality criteria
often rely on simplifying approaches that differ from one jurisdiction to
another. In the case of the EU, chronic Cu toxicity to fish is based on the
acute Cu BLM originally developed for Daphnia magna (De
Schamphelaere and Janssen, 2008; Delbeke et al., 2010). In the case of
the US, chronic Cu toxicity is based on acute toxicity, calculated by
applying an Acute-to-Chronic Ratio (ACR) to the output of an acute
BLM (USEPA, 2007). Currently, there is one available acute Cu BLM for
rainbow trout, which is hosted on the website of Windward Environ-
mental (formerly hosted by HDR-Hydroqual) and based on an un-
published data-set (personal communication with Robert C. Santore
and Robert Dwyer).

In the present study, we generated new acute and chronic Cu toxi-
city data-sets for juvenile rainbow trout under varying pH and con-
centrations of Ca, Mg and DOM (in a baseline soft water) using a flow-
through exposure system. Most of the pH data were published earlier
(Ng et al., 2010), but all other data are reported here for the first time.
For this fish species, a few studies have specifically considered the ef-
fects of water chemistry parameters (pH, alkalinity, hardness, DOC
concentration) on acute Cu toxicity (e.g. Cusimano et al., 1986;
Howarth and Sprague, 1978; Mudge et al., 1993; Marr et al., 1999;
Welsh et al., 2000; Naddy et al., 2002) and fewer studies have speci-
fically looked at these effects on chronic Cu toxicity (Waiwood and
Beamish, 1978a,b; Mudge et al., 1993; Taylor et al., 2000; McGeer
et al., 2002). Our main goals were (i) to develop new acute and chronic
BLMs for juvenile rainbow trout from our own experimental data pre-
sented here, (ii) to evaluate the performance of these new BLMs at
predicting Cu toxicity to rainbow trout in independent studies, and (iii)
to compare the predictions from these new BLMs with the existing BLM-
based approaches in the USA and in the EU. To the best of our
knowledge, our new acute and chronic data-sets allowed development
of the first experimentally derived chronic Cu BLM for the rainbow
trout, as well as the first acute Cu BLM that is based on a published
data-set for this species.

2. Materials and methods

2.1. Experimental fish and acclimation to baseline conditions

Juvenile rainbow trout (Oncorhynchus mykiss; initially approxi-
mately 2 g) were purchased from Humber Springs Trout Farm

(Orangeville, ON, Canada) and were acclimated to laboratory condi-
tions in aerated flow-through tanks supplied with dechlorinated hard
water (HW) from the City of Hamilton. This water originates from Lake
Ontario and its composition was (in μmol L−1): [Ca] ∼ 1000;
[Mg] ∼ 150; [Na] ∼ 600; [Cl] ∼ 700; [titratable alkalinity] ∼ 1800;
with [DOC] ∼ 2 mg L−1. Fish were then gradually acclimated to the
soft water used as the basis for the toxicity tests (noted RW, for
“Reference Water”). This was done by decreasing the flow rate of de-
chlorinated HW and increasing the flow rate of ion-poor water pro-
duced by reverse osmosis (Anderson Water Systems, Dundas, ON,
Canada) up to a ratio of 15:85 (i.e. 6.7-fold dilution) reached in 8 days.
The resultant RW composition was (in μmol L−1): [Ca] ∼ 150;
[Mg] ∼ 50; [Na] ∼ 70; [Cl] ∼ 140; [titratable alkalinity] ∼ 270; with
pH∼ 7, [Cu] ∼ 1 μg L−1, temperature ∼ 13 °C and [DOC] ∼ 0.5
mg L−1 (see Section 3.1 for more details on DOC concentration).

Fish were acclimated to these new RW conditions for at least
22 days prior to the experiments. They were fed with commercial trout
pellets (Martin Feed Mills, Elmira, ON, Canada) at 2% body weight per
day and maintained under a 12-h light/12-h dark photoperiod
throughout the study. Procedures conformed to the guidelines of the
Canadian Council on Animal Care and were approved by the McMaster
University Animal Research Ethics Board (AUP 06-01-05).

2.2. Preparation of test solutions

The RW described above was used as basis for the toxicity tests at
varying pH and concentrations of Ca, Mg and DOC. Note that aqueous
Na concentration is usually a parameter of interest with respect to Cu
toxicity to aquatic organisms (Laurén and McDonald, 1985; Grosell
et al., 2002; Grosell, 2012). However in our study, in repeated tests
where the Na concentration was raised to the 0.5–5 mM range by the
addition of NaCl (Reagent grade, BioShop Canada Inc, Burlington, ON,
Canada), increased fish mortality occurred in the control tanks
(30–90%). While the effect is unexplained, this suggests that elevation
of NaCl level may in itself be acutely toxic to rainbow trout acclimated
to very soft, ion-poor water. This high control mortality prevented the
incorporation of Na into the response matrix of this study, and is a
matter for future investigation.

Copper was added in RW as CuSO4 (pentahydrate, 99% pure, Sigma
Aldrich, St. Louis, MO, USA) at seven concentrations ranging from 0 to
250 μg L−1. For the pH-set, adjustment of water pH to 5.0, 6.0, 7.0, 8.0
and 8.5 was performed with 1 M HCl or 1 M NaOH (ACS grade, Fisher
Scientific, Toronto, ON, Canada) using a pH titrator (TTT90 titrator,
Radiometer, Copenhagen, Denmark), as detailed in Ng et al. (2010). For
the Ca-set, Ca concentration was adjusted to 0.5, 1.2 and 3 mM by ad-
dition of CaCl2 (Reagent grade, General Chemical Canada Ltd, Mis-
sissauga, ON, Canada). For the Mg-set, Mg concentration was adjusted to
1.2 and 3 mM by addition of MgCl2 (ACS grade, Fisher Scientific). For the
DOC-set, natural organic matter (NOM) was added at 1, 2, 5 and 10 mg
of C L−1. This NOM was produced in our laboratory, from maple leaves
(maple tree species: Acer rubrum). Approximately 20 kg of maple leaves
(mostly reddish in color) were collected during early fall and washed
thoroughly with de-ionized water. For each batch, approximately 5 kg of
leaves were incubated per 100 L of reverse osmosis water in 200-L tanks
for 3 weeks. During incubation, aeration was provided and the leaves
were periodically stirred. After formation of a dark brown color in the
aqueous phase, the leaves were removed and the water was passed
through 1-μm glass-fiber filters (144-mm diameter filters; Geotech En-
vironmental Equipment, Denver, CO, USA). The NOM (pH= 5–6) was
then resinated with cation Resin USF C-211 (H) (Siemens Water Tech-
nologies, Ancaster, ON, Canada) to remove metals. The resin was slowly
added to the stirred NOM solution (1 L resin per 10 L NOM solution).
After 24 h, the NOM solution (pH= 2.6) was decanted and transferred
to 200-L aerated polyethylene tanks for ageing (to mimic the natural
process). The DOC concentration was monitored in filtered samples
(0.45 μm Acrodisc® syringe filters, Pall Corporation, Ann Arbor, MI, USA)
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and the ageing process was stopped when this concentration stabilized,
i.e. after approximately 3 months (Fig. 1a).

2.3. Acute and chronic toxicity tests

For each toxicity test, fish (n = 17 for the acute tests and n = 14–15
for the chronic tests) were transferred to 20-L flow-through aerated
tanks served with baseline RW (250 mL min−1) from a head tank via
separate mixing chambers. Thus, this system provided 18 vol renewals
per day and had a residence time of 80 min. For the pH-set, fish were
acclimated to a gradual change of pH for 1 day in the experimental
tanks (Ng et al., 2010). On the next day (0 h of toxicity test), Cu was
added to each mixing chamber using a Mariotte bottle (0.5 mL min−1)
to achieve the desired final concentration in the experimental tank. For
Ca, Mg and DOM, stock solutions were directly metered at the rate of
2–3 mL min−1 to the head tank used for mixing of HW and reverse
osmosis water to produce RW. Drip rates of Cu, ratio of HW and reverse
osmosis water, and pH in experimental tanks were monitored daily.

For the acute tests, feeding was withheld 24 h before beginning the
exposure and throughout the 96-h test. The average fish wet weight for
these tests was 6.4 ± 1.1 g. Fish in each tank were monitored every
3–5 h and dying fish (overturned) were removed immediately and eu-
thanized with an overdose of tricaine methanesulfonate (MS-222;
Syndel Laboratories, Qualicum Beach, BC, Canada). In chronic tests,
fish grew on average from 6.7 ± 1.6 to 10.2 ± 2.5 g wet weight over
the 30-d tests. For these tests, fish were fed a 2% wet weight body ration
each day and weighed in bulk at 0 h, 96 h, 10 d, 20 d and 30 d to cal-
culate the biomass and adjust the food accordingly during the exposure.
Dying fish were removed and euthanized as described above and faeces
were siphoned daily.

Water samples from each tank were passed through 45-μm
Acrodisc® syringe filters (Pall Corporation, Ann Arbor, MI, USA) at 24 h
and 96 h for the acute tests and at 24 h, 96 h, 10 d, 20 d, and 30 d for
the chronic tests for subsequent analyses of Cu, Ca, Mg, Na, Cl, alkali-
nity and DOC concentrations (see Section 2.4). In addition, for the pH-
set only, 7 fish from each tank were euthanized at 24 h (acute and
chronic tests) and 30 d (chronic tests) and dissected for Cu and Na
analyses of gills and whole bodies (Ng et al., 2010).

The 96-h, 10-d, 20-d and 30-d LC50, LC20 and LC10 estimates
(lethal concentration to kill 50%, 20% and 10% of fish respectively),
together with their 95% confidence limits, were calculated from filtered
water Cu concentrations using the Toxicity Relationship Analysis
Program (TRAP) version 1.22 (USEPA, 2002), employing the Tolerance
Distribution analysis and the Gaussian distribution model. Fish specific

growth rates (SGR, in % per day) in the chronic tests were calculated
based on fish wet weight at t = 0 (W0) and at t = 10 d, 20 d and 30 d
(Wt) (SGR = (ln(W0) − ln(Wt))/t 100). Finally, for the pH-set only, the
acute and chronic 24-h LA50 (for 96-h and 30-d mortality respectively)
were estimated from the measured 24-h Cu gill contents, as detailed in
Ng et al. (2010). The LA50 is the gill burden of Cu predictive of 50%
mortality at a later timepoint (e.g. 96 h or 30 d).

2.4. Water and tissue analyses

Filtered water samples were acidified with 1% trace-metal grade
HNO3 for Cu and Na analyses, and 0.5% LaCl3 was also added for Ca
and Mg analyses. Copper concentration was measured by a Graphite
Furnace Atomic Absorption Spectrometer (GFAAS, Varian Spectra AA-
20 with a GTA-110 furnace, Mulgrave, Australia) and Na, Ca, and Mg
concentrations were measured by a Flame Atomic Absorption
Spectrometer (FAAS, Varian Spectra-220FS, Mulgrave, Australia).
Metal recovery was checked with a certified reference material (TM15,
National Water Research Institute, Environment Canada, Burlington,
Canada) and was 100 ± 10%. Chloride concentration in the water was
measured colorimetrically at 480 nm by the Hg(SCN)2 method (Zall
et al., 1956). Water alkalinity was measured by the pH 4 endpoint ti-
tration method (McDonald and Wood, 1981). For measurements of
DOC concentration, water samples were stored in the dark at 4 °C until
analysis with a Total Organic Carbon analyzer (Shimadzu TOC-VCPH,
Mandel Scientific Company Inc., Guelph, ON, Canada). Additionally,
the distribution of fluorescent components in the maple leaves DOM
was determined by excitation–emission matrix (EEM) fluorescence
spectroscopy. For each sample (n = 3 replicates), fluorescence scans
were conducted using a Varian Cary Eclipse Fluorescence Spectro-
photometer (Varian, Mississauga, ON). Excitation wavelengths were
between 200 and 450 nm, using 10-nm increments and emission in-
tensities were collected between 250 and 600 nm with approximately
1-nm increments. Often a four-component model is used to determine
fluorescent components in NOM: typically humic-like, fulvic-like,
tryptophan-like, and tyrosine-like fluorophores are resolved (DePalma
et al., 2011; Al-Reasi et al., 2012). These components are determined
using parallel factor analysis (PARAFAC, Stedmon and Bro, 2008). For
the maple leaves DOM, there was no evidence of proteinaceous fluor-
ophores (Fig. 1b) so a two component humic and fulvic model was used.
The composition of the replicate DOM samples was determined using
humic acid-like and fulvic acid-like components previously reported by
Al-Reasi et al. (2012) for linear calibration. With only one type of DOM
studied here a full PARAFAC analysis was not possible, as many diverse

Fig. 1. Maple leaves DOC: a) decrease in concentration with ageing time, b) excitation/emission spectrum (wavelength in nm) at 100 days of ageing.
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samples are required for PARAFAC modeling (Stedmon and Bro, 2008).
This analysis provided the percentages of humic acid (HA) and fulvic
acid (FA) like components in the maple leaves DOM, which were then
used for Cu speciation modeling in the waters of the DOC-set (see
Section 2.5).

The fish tissue samples from the pH-set were weighed and digested
in 3–5 vols of 1 N HNO3 (trace-metal grade, Fisher Scientific, Toronto,
ON, Canada) at 65 °C for 48 h, with shaking at 24 h. The supernatant
was collected after centrifugation of the digest (5000 g for 15 min),
then diluted for Cu and Na analyses by GFAAS and FAAS respectively
(Ng et al., 2010).

2.5. Chemical speciation modeling

Chemical speciation, notably Cu2+ activity, was estimated at each
tested water chemistry (Table 1) in order to derive the acute and
chronic BLM constants (see Section 2.6). These speciation calculations
were performed at the observed 96-h and 30-d LC50 values (Table 2) in
the Visual MINTEQ software version 3.1 (https://vminteq.lwr.kth.se/).
Modeling of Cu binding to DOM was performed using the NICA-Donnan
model embedded in Visual MINTEQ and using default assumptions
which have been shown to provide good agreement with measurements
in natural waters (Buffle, 1988; Bryan et al., 2002; Tipping et al., 2003).
Specifically, we assumed that DOM contained 50% carbon (DOC) and
that 65% of the DOM was chemically active with regard to Cu binding
(i.e. 1 mg L−1 active DOM= 1.3 mg L−1 DOC). Furthermore, when no
information on DOM composition is available, it is classically re-
commended to consider it as 100% FA. The latter assumption was used
for all the tests with background DOM levels. On the other hand, we
used the results of the EEM for the tests with maple leaves DOM, which
suggested that it was composed of 40% FA and 60% HA (Fig. 1b). EEM

characterization of relative humic and fulvic proportions has been used
successfully before to improve BLM predictions for acute Cu toxicity to
invertebrates (Al-Reasi et al., 2012).

2.6. Acute and chronic BLM parameterization

The formation constants KCaBL, KMgBL, KHBL for the new acute and
chronic BLMs were derived by linear regression analysis as described in
detail by De Schamphelaere and Janssen (2002) and briefly in this
section. The BLM is an equilibrium-based model which assumes that
metal toxicity is directly proportional to the fraction of biological tar-
gets (i.e. biotic ligand, BL) bound by the metal, noted fCuBL and ex-
pressed as:

= ⋅ + ⋅ ⋅ ⋅

+ ⋅ + ⋅ ⋅ ⋅ +

⋅ + ⋅ + ⋅

+ + −

+ + −

+ + +
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where () are ion activities in the water, KCBL is the formation constant
between BL and cation C (C: Cu2+, CuOH+, Mg2+, Ca2+, or H+) and
KCuOH is the formation constant of CuOH+. Note that both Cu2+ and
CuOH+ bind to BL in this model, as the toxicity of CuOH+ is generally
thought to contribute to the overall toxicity in acute Cu BLMs (Allen
and Hansen, 1996; De Schamphelaere and Janssen, 2002). From Eq.
(1), the Cu2+ activity at 50% mortality ((Cu2+) = LC50Cu2+) can be
derived from the following equation:

=

− ⋅

⋅
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Table 1
Chemical characteristics of the test media used in the acute (96-h) and chronic (30-d) toxicity tests. Values are measured means, except for the % of active DOM and % FA which were
assumed (except for the % FA in the DOM-set which was estimated by EEM-PARAFAC). See text for details.

Nominal conditions Temp (°C) pH Ca (mM) Mg (mM) Na (mM) K (mM) SO4 (mM) Cl (mM) Alkalinity (mg L−1 CaCO3) DOC (mg L−1) % active DOM % FA

96-h exposures
Baseline RW 13 7.10 0.17 0.054 0.14 0.010 0.038 0.13 34 0.34 65 100
0.5 mM Ca 13 7.06 0.61 0.053 0.13 0.010 0.038 0.83 36 0.31 65 100
1.2 mM Ca 13 7.15 1.2 0.054 0.18 0.035 0.038 1.5 45 0.47 65 100
3.0 mM Ca 13 7.20 3.1 0.071 0.23 0.067 0.038 2.3 48 0.55 65 100
1.2 mM Mg 13 7.10 0.15 1.4 0.17 0.035 0.038 1.6 40 0.48 65 100
3.0 mM Mg 13 7.19 0.17 3.3 0.23 0.067 0.038 2.7 42 0.58 65 100
pH 5 13 5.00 0.09 0.041 0.10 0.010 0.030 0.45 7.2 0.5* 65 100
pH 6 13 6.20 0.08 0.040 0.10 0.010 0.030 0.32 13 0.5* 65 100
pH 7 13 7.10 0.17 0.054 0.14 0.010 0.038 0.13 34 0.34 65 100
pH 8 13 8.10 0.09 0.046 0.24 0.010 0.030 0.10 38 0.5* 65 100
pH 8.5 13 8.50 0.10 0.043 0.38 0.010 0.030 0.16 70 0.5* 65 100
1 mg/L DOC 13 7.04 0.15 0.055 0.12 0.012 0.038 0.13 34 0.93 65 40
2 mg/L DOC 13 7.09 0.15 0.050 0.12 0.015 0.038 0.62 32 2.1 65 40
5 mg/L DOC 13 7.02 0.16 0.058 0.14 0.017 0.038 0.21 40 5.5 65 40
10 mg/L DOC 13 7.01 0.18 0.065 0.16 0.022 0.038 0.38 42 11 65 40

30-d exposures
Baseline RW 13 7.10 0.16 0.052 0.13 0.010 0.030 0.14 32 0.42 65 100
0.5 mM Ca 13 7.14 0.54 0.055 0.14 0.010 0.038 0.74 36 0.46 65 100
1.2 mM Ca 13 7.15 1.4 0.053 0.18 0.035 0.038 1.72 45 0.49 65 100
3.0 mM Ca 13 7.29 3.1 0.072 0.23 0.067 0.038 2.4 48 0.58 65 100
1.2 mM Mg 13 7.10 0.17 1.3 0.18 0.035 0.038 1.6 40 0.48 65 100
3.0 mM Mg 13 7.18 0.19 3.1 0.26 0.067 0.038 2.6 42 0.55 65 100
pH 5 13 5.10 0.07 0.044 0.12 0.010 0.030 0.49 6.8 0.5* 65 100
pH 6 13 6.20 0.08 0.047 0.11 0.010 0.030 0.42 15 0.5* 65 100
pH 7 13 7.10 0.16 0.052 0.13 0.010 0.030 0.14 32 0.42 65 100
pH 8 13 7.90 0.07 0.040 0.23 0.010 0.030 0.14 47 0.5* 65 100
pH 8.5 13 8.60 0.06 0.044 0.37 0.010 0.030 0.15 54 0.5* 65 100
2 mg/L DOC 13 7.10 0.15 0.054 0.13 0.015 0.038 0.63 32 2.2 65 40
5 mg/L DOC 13 7.02 0.17 0.057 0.14 0.017 0.038 0.22 40 5.6 65 40
10 mg/L DOC 13 7.02 0.17 0.065 0.16 0.022 0.038 0.39 42 11 65 40

Note: Baseline RW and pH 7 are the same tests.
* Corrected value (measured value ∼1.4 mg L−1 in Ng et al., 2010; see Supplementaryinformation Section 2 for more information).

A. Crémazy et al. Aquatic Toxicology 192 (2017) 224–240

227

https://vminteq.lwr.kth.se/


where f50CuBL is the fraction of the BL bound by Cu at 50% mortality.
According to this mathematical expression, a linear relationship should
be observed between LC50Cu2+ and the varying competing cation
(Ca2+, Mg2+ or H+) activities. The ratio between the slopes and in-
tercepts of these linear relations provide a matrix of equations for the
determination of KCaBL, KMgBL and KHBL (see De Schamphelaere and
Janssen, 2002 for details). Note that any toxicity level could be used for
this method, but because the LC50Cu2+ is determined with the lowest
uncertainty, it was selected for these calculations. Visual MINTEQ was
used to determine the different ion activities at the observed 96-h and
30-d LC50 values (cf. Section 2.5). The linear regressions of LC50Cu2+
vs.(Ca2+), LC50Cu2+ vs. (Mg2+) and LC50Cu2+ vs. (H+) were then
performed in Excel®. Note that the steepness of the H+ slope tends to
increase at higher pH where the toxicity of CuOH+ is no longer neg-
ligible compared to the toxicity of Cu2+. Thus, the linear regression
LC50Cu2+ vs. (H+) was performed between pH 5 and 7, where CuOH+

abundance and therefore toxicity were considered negligible. Indeed, at
50% mortality, Visual MINTEQ predicted that CuOH+ was still ∼5
times less abundant than Cu2+ at pH = 7 (see Results Section, Fig. 5a).
If we make the reasonable assumption that KCuOHBL ≤ KCuBL (i.e. the
toxicity of CuOH+ should not be greater than the toxicity of Cu2+),
CuOH+ should then not have importantly contributed to the overall Cu
toxicity between pH 5 and 7. The acute and chronic ratio KCuBL/KCuOHBL

(and the term f50CuBL/((1 − f50CuBL)·KCuBL) in Eq. (2)) were determined by
nonlinear regression of Eq. (2) from pH 5 to 8.5 using Sigmaplot®, with
the previously determined KHBL, KMgBL and KCaBL values and with the
constraint that KCuOHBL/KCuBL ≤ 1 (i.e. CuOH+ is less toxic than Cu2+).
The acute and chronic KCuBL values were then determined by iteration
to obtain the best linear fit between the observed logit percent mortality
and fCuBL calculated with Eq. (1) for the whole toxicity data-set, using
the Solver analysis tool in Excel® (as described by De Schamphelaere
and Janssen (2002)). Finally, for each acute and chronic data-set, the
corresponding f50CuBL value corresponded to the geometric mean of each
f50CuBL calculated with Eq. (1) at the different observed 96-h and 30-d
LC50s. Similarly, for the chronic data-set only, the f20CuBL was obtained
from the different observed 30-d LC20s.

2.7. Acute and chronic toxicity predictions: this study and literature data

In this study, acute (96-h LC50) and chronic (30-d LC20) toxicity
were predicted using the BLM code incorporated in Visual MINTEQ 3.1,
where inputs were the measured water chemistry (given in Table 1) and
the newly derived sets of BLM parameters (given in Table 3). Accordingly,

we evaluated the abilities of the newly derived acute and chronic BLMs to
predict Cu toxicity across a wide range of water chemistries, using toxicity
data from the literature (i.e. data different from those used in derivation
of the models). A total of 19 acute studies (90 data points) (Fogels and

Table 2
Measured acute and chronic Cu LC values, with 95% confidence limits in parentheses, in rainbow trout in different water chemistries, in comparison to the values predicted by the new
acute and chronic BLMs, and the observed Acute-to-Chronic Ratios (ratio of observed 96-h LC50 to 30-d LC20 values).

Nominal conditions 96-h LC50 30-d LC50 30-d LC20 30-d LC10 ACR

Measured Predicted New BLM Measured Measured Predicted New BLM Measured

Baseline RW 9.2 [5.7–13] 7.7 8.2 [7.3–9.1] 5.2 [4.3–6.0] 7.5 3.9 [3.0–4.9] 1.77
0.5 mM Ca 12 [9.7–14] 9.6 11 [9.1–12] 6.6 [5.0–8.3] 10 4.6 [2.5–6.7] 1.82
1.2 mM Ca 29 [9.9–48] 18 42 [37–47] 31 [25–37] 18 24 [17–32] 0.935
3.0 mM Ca 45 [29–61] 32 70 [35–100] 49 [29–69] 43 39 [24–53] 0.918
1.2 mM Mg 10 [8.7–11] 8.5 13 [12–14] 10 [8.9–12] 5.8 9.3 [7.3–11] 1.00
3.0 mM Mg 13 [12–14] 10 18 [15–22] 16 [12–19] 6.9 14 [9.0–18] 0.813
pH 5 19 [10.–29] 19 8.1 [4.6–11] 5.0 [1.7–7.3] 3.7 3.8 [1.0–6.0] 3.80
pH 6 5.9 [4.6–7.2] 6.0 7.4 [6.4–9.6] 5.5 [4.5–6.3] 3.0 4.7 [3.4–5.4] 1.07
pH 7 9.2 [5.7–13] 7.7 8.2 [7.3–9.1] 5.2 [4.3–6.0] 7.5 3.9 [3.0–4.9] 1.77
pH 8 8.5 [7.1–10.] 20 9.3 [6.6–11] 8.2 [1.9–9.1] 16 7.6 [1.0–8.7] 1.04
pH 8.5 6.7 [5.8–7.5] 33 22 [17–28] 18 [10.–22] 39 16 [7.9–20] 0.372
1 mg/L DOC 31 [27–35] 21 n.d. n.d. – n.d. –
2 mg/L DOC 43 [38–49] 47 43 [37–49] 33 [25–40] 37 27 [17–37] 1.30
5 mg/L DOC 140 [120–150] 111 120 [110–140] 99 [75–120] 87 87 [55–120] 1.41
10 mg/L DOC 230 [210–260] 220 200. [190–220] 170 [140–190] 170 150 [110–180] 1.35

n.d.: no data.
Note: Baseline RW and pH 7 are the same tests.

Table 3
Parameters in the newly developed rainbow trout acute and chronic Cu BLMs, the
Windward BLM Cu acute BLM (W-BLM) and the Daphnia magna acute Cu BLM (D-BLM).

Parameter Newly
derived acute
BLM

Newly
derived
chronic BLM

W-BLM D-BLM

Software and DOM binding conditions
Software Visual

MINTEQ 3.1
Visual
MINTEQ 3.1

Windward
3.1.2.37

Visual
MINTEQ 3.1

Cu-DOM
binding
model

NICA-Donnan NICA-Donnan WHAM V NICA-
Donnan

% active DOM 65 65 100 65
% FA (rest is

HA)
40–100a 40–100a 90 100

Stability constants of inorganic aqueous complexes
Log KCuOH 6.48 6.48 6.48 6.48
Log KCu(OH)2 11.78 11.78 11.78 11.78
Log KCuHCO3 12.13 12.13 14.62 12.13
Log KCuCO3 6.77 6.77 6.75 6.77
Log KCu(CO3)2 10.2 10.2 9.92 10.2
Log KCuCl 0.4 0.4 0.4 0.4
Log KCuSO4 2.36 2.36 2.36 2.36

BLM parameters
Log KCaBL 3.5 4.0 3.6 3.5
Log KMgBL 1.4 3.4 3.6 3.6
Log KHBL 6.2 5.8 5.4 5.4
Log KNaBL 3.0b 3.0b 3.0 3.2
Log KCuBL 7.1 7.2 7.4 8.0
Log KCuOHBL 7.1c 6.5c 6.2c 7.3c

Log KCuCO3BL – – – 7.0d

f50CuBL 0.119 0.0876 0.123 0.47
f20CuBL – 0.0560 – 0.47e

ACR – – 3.22 –

a See Table 1 for detailed assignment of %FA to the different solutions.
b Not estimated: default value from the W-BLM.
c Constant refers to the reaction: CuOH-BL = CuOH+ + BL.
d Constant refers to the reaction: CuCO3-BL = CuCO3 + BL.
e This fCuBL

20 value corresponds to the fCuBL
50 value in the D. magna Cu acute BLM, which

was directly used here to determine LC20 in this study (i.e. no adjustment was made).
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Sprague, 1977; Chapman, 1978; Chapman and Stevens, 1978; Howarth
and Sprague, 1978; Seim et al., 1984; Cusimano et al., 1986; Mudge et al.,
1993; Marr et al., 1999; Welsh et al., 2000; Hansen et al., 2002; Naddy
et al., 2002; Taylor et al., 2003; Besser et al., 2007; Welsh et al., 2008;
Little et al., 2012; Vardy et al., 2013; Calfee et al., 2014; Wang et al.,
2014; Naddy et al., 2015) and 6 chronic studies (14 data points) (McKim
et al., 1978; Waiwood and Beamish, 1978b; Seim et al., 1984; Besser
et al., 2007; Wang et al., 2014; OSU, 2016) were evaluated (Table SI.1 in
Supporting information). Tests with rainbow trout (Oncorhynchus mykiss
or previously named Salmo gairdneri) of any life stage/weight and using
any hydraulic regime (flow-through, intermittent flow, static renewal or
static) were included, and the effects of both life stage/weight and hy-
draulic regime on Cu toxicity were evaluated. The acute BLM was eval-
uated with 96-h LC50s in tests where fish were not fed while the chronic
BLM was evaluated with LC20s at various longer exposure times (see
Results) up to 78 d in tests where fish were fed. Missing water chemistry
parameters in the different publications were mostly obtained from re-
commendations of the USEPA (2007) and from personal communications
with the authors. The tests provided a broad range of water chemistries,
given in detail in Table SI.1. Notably, for the 90 acute tests, minimum and
maximum values were: T = 4.4–18 °C, Hardness = 9.2–371 mg L−1, Al-
kalinity = 0–263 mg L−1 CaCO3, pH= 4.7–9.0 and DOC= 0–3 mg L−1.
For the 14 chronic tests: T = 10.8–12.0 °C, Hardness = 30–360 mg L−1,
Alkalinity = 6.7–250 mg L−1 CaCO3, pH= 6.0–8.2 and
DOC= 0.4–1.6 mg L−1. The default assumption of 65% active DOM as
100% FA was adopted for all the studies.

We also compared the performance of the new acute and chronic
BLMs to the performance of the other available BLM approaches used in
the USA and in the EU, for predictions of toxicity to rainbow trout using
both our present data-sets and literature data. Firstly, we used the
rainbow trout acute Cu BLM, that is available in the BLM software
version 3.1.2.37 (hosted on the website of Windward Environmental
http://www.windwardenv.com/biotic-ligand-model/, formerly hosted
by HDR-Hydroqual), to predict acute LC50 values for our data and
literature data. This Windward BLM (noted W-BLM in this paper) is
based on an unpublished data-set (personal communication with Robert
C. Santore and Robert Dwyer) and is currently the only publicly
available rainbow trout Cu BLM. The BLM parameters and specific
modeling conditions of the W-BLM are given in Table 3. Note that this
model uses thermodynamic constants from the Windermere Humic
Aqueous Model version V (WHAMV) and different assumptions for
metal complexation with DOM (Table 3). Specifically, the W-BLM uses
the humic ion-binding model incorporated in WHAMV (Tipping, 1994)
and assumes that 100% of DOM is active and is 10% HA (90% FA).
Another important difference is the value of the copper carbonate sta-
bility constant: W-BLM/WHAMV uses the KCuHCO3 of 1014.62 from
Mattigod and Sposito (1979), while Visual MINTEQ uses the KCuHCO3 of
1012.13 recommended by the International Union of Pure and Applied
Chemistry (IUPAC) (Powell et al., 2007). Secondly, in accordance to the
USEPA approach, we used the W-BLM to calculate chronic LC20 values,
by dividing the predicted LC50 values by an ACR of 3.22 for Cu from
the USEPA (2007). As described by the latter report, this Cu ACR is
applicable to freshwater and saltwater species and corresponds to the
geometric mean of ACRs reported for six acutely sensitive aquatic
species (ACR = 1.48–5.59, with survival, reproduction and biomass as
chronic endpoints), including O. mykiss (ACR = 2.88, with biomass as
chronic endpoint, from Seim et al. (1984)).

Thirdly, in accordance to the EU approach, we used the Daphnia
magna acute Cu BLM, available in the Visual MINTEQ BLMs library, to
predict chronic LC20 values for our data and literature data. This
Daphnia BLM (noted D-BLM in this paper) was developed by De
Schamphelaere and Janssen (2004a) and was shown to satisfactorily
predict chronic Cu toxicity to fish, on a relatively limited number of
literature studies with fathead minnows and rainbow trout (De
Schamphelaere and Janssen, 2008; Delbeke et al., 2010). This D-BLM
uses the same thermodynamic database (Visual MINTEQ v. 3.1

database) and DOM assumptions as our new BLMs (Table 3). A major
singularity in the D-BLM model is the contribution of CuCO3 as a spe-
cies that can bind to BL and elicit toxicity (Table 3). This incorporation
of a log KCuCO3BL in the D-BLM was aimed at providing a better fit of the
observed toxicity data at high pH levels and has no mechanistic basis.
Indeed, the bioavailability of copper-carbonate complexes in Daphnia
magna, or in fish, remains to be demonstrated. Therefore, this BLM
parameter has not been used in our newly derived acute and chronic
BLMs (Table 3).

3. Results

3.1. Water chemistry

Fig. 1a shows the decaying maple leaf DOC concentration with time,
reflecting bacterial decomposition of organic matter (i.e. oxidation into
inorganic carbon). The emission–excitation spectra at the end of the
ageing process (see Fig. 1.b for an example replicate) revealed the
presence of two DOM components, for excitation wavelengths of
300–400 nm and at relatively long emission wavelengths, which are
usually labelled as fulvic-like (410 nm) and humic-like (475 nm) com-
ponents (DePalma et al., 2011; Al-Reasi et al., 2012). The two-com-
ponent PARAFAC analyses gave relative abundances of 60 ± 4% HA
and 40 ± 4% FA (mean ± SD, n = 3).

Water chemistry in the different tests is given in Table 1. In Ng et al.
(2010), the toxicity tests at pH 5.0, 6.0, 8.0 and 8.5 were performed
several years apart from the rest of the tests performed in this study,
with a baseline RW that had slightly changed. The baseline RW for
these pH tests contained approximately 50% less Ca and the reported
DOC concentration was ∼1.4 mg L−1, somewhat higher than the con-
centration of ∼0.5 mg L−1 of the other tests. For reasons presented in
Supplementary Information Section 2, we now believe that the DOC
value reported in Ng et al. (2010) was erroneous, and it was changed to
0.5 mg L−1 for the present modeling. In Supplementary Information
Section 2 we also evaluate the impact of this change by presenting the
modeling exercise without this DOC correction.

3.2. General observations on acute and chronic toxicity

No effect on growth was observed in the chronic tests (specific
growth rate = 1.6 [1.4–1.9] % per day), so only mortality effects have
been reported. In Table 2, acute toxicity is reported with the 96-h LC50
values (values of acute regulatory interest), while chronic toxicity is
reported with the 30-d LC50 values (for comparison with the acute 96-h
LC50 values), the 30-d LC20 values (values of chronic regulatory in-
terest for the USEPA and the present study) and the 30-d LC10 values
(values of chronic regulatory interest in the European Union).

As shown in Fig. 2 (raw data are given in Table SI.2 in Supporting
Information), in approximately 70% of the tested conditions, the
chronic 96-h, 10-d, 20-d and 30-d LC50 values were not significantly
different from the acute 96-h LC50 values (p > 0.05, ANOVA and
Tukey’s test). Notably, the 96-h LC50 and 30-d LC50 values were not
significantly different for all tested conditions, except at pH 8.5 and at
3 mM Mg. This similarity between acute and chronic toxicity is sup-
ported by the low calculated ACR (ratio of observed 96-h LC50 to 30-d
LC20 values) of ∼1.35 on average, which is more than 2-fold lower
than the USEPA (2007) ACR value of 3.22.

Fig. 2 also shows that, for each test condition, the observed LC50
value was relatively stable over the exposure time in the chronic toxi-
city tests, except for a significant decrease (i.e. mortality increased)
observed at pH 5 and, to a lesser extent, at pH 6, at 5 and 10 mg L−1 of
DOC, and at 1.2 mM of Mg. For the pH-set (Fig. 2d), chronic 96-h LC50
values (food present) were available and could be compared to the
acute 96-h LC50 values (food absent). Food protection seems to have
occurred at pH 5, pH 6 (with a decrease over time) and at pH 8.5 (stable
over time). The greatest food protection was observed at pH 8.5, where
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the chronic LC50 value was more than 3-fold higher than the acute 96-h
LC50 value.

3.3. Effects of water chemistry and BLM development

In the range of water chemistry tested, the observed 96-h LC50
values varied by a factor of 39 while the 30-d LC20 values varied by a
factor of 27 (Table 2).

3.3.1. Effects of Ca and Mg
The increase of Ca concentration from 0.2 to 3 mM (15-fold) in-

creased both the 96-h LC50 (5-fold) and the 30-d LC20 (9-fold) values
(Table 2 and Fig. 3a). The ameliorative effect could be explained by the
BLM framework, as linear relationships were observed between the
calculated LC50Cu2+ and Ca2+ activities (p < 0.05, F-test) (Fig. 4a).
The derived acute and chronic log KCaBL values were 3.5 and 4.0 re-
spectively, very close to the values in the W-BLM and the D-BLM (3.6
and 3.5 respectively) (Table 3). The ameliorative effect of Mg was lower
than that of Ca, as the increase of Mg concentration from 0.05 to 3 mM
(60-fold) induced only a small protection, with a 1.4-fold increase in the
96-h LC50 values and a 3-fold increase in the 30-d LC20 values (Table 2
and Fig. 3b). In the chronic tests, the linear regression between 30-d
LC50Cu2+ and Mg2+ activities (Fig. 4b) provided a log KMgBL value of
3.4, which was close to the acute W-BLM and D-BLM value of 3.6
(Table 3). However, in our own acute tests, the linear relationship

between 96-h LC50Cu2+ and Mg2+ activities was not significant
(p > 0.05, F-test) (Fig. 4b), because of the very small change observed
in the 96-h LC50 values with the Mg concentration (cf. Table 2 and
Fig. 3b). If we use the linear regression parameters anyway, an acute
log KMgBL around 1.4 is obtained (Table 3), which is indeed not suffi-
ciently high to provide a significant protection at the Mg2+ activities
tested in this study.

3.3.2. Effects of DOM
Raising the DOC concentration from 0.3 to 10 mg L−1 (∼30-fold)

led to the highest level of protection observed in this study, with ap-
proximately a 30-fold increase in both the 96-h LC50 and the 30-d LC20
values (Table 2 and Fig. 3c). This ameliorative effect could be explained
by the complexation of Cu by DOM, resulting in a decrease in the
bioavailability of Cu. Indeed, the calculated LC50Cu2+ did not change
significantly with the DOC concentration (p > 0.05, F-test) (Fig. 4c).
This observation agrees with the BLM conceptual framework, stipu-
lating that Cu2+ concentration is a better predictor of toxicity than total
dissolved Cu, when the water ionic composition is held constant.

3.3.3. Effects of pH
As previously described in Ng et al. (2010), varying the pH showed

little effects on acute and chronic toxicity in the midrange, but marked
effects were observed at the extreme pHs (Table 2 and Fig. 3d). Pro-
tection against acute Cu toxicity was observed at pH 5 compared to the

Fig. 2. LC50 values (as total dissolved Cu concentration) as a function of nominal dissolved concentrations of a) Ca, b) Mg, c) DOC and of d) pH, at 96 h (acute test) and 96 h, 10 d, 20 d
and 30 d (chronic test). Error bars indicate 95% confidence limits. For a given parameter concentration, means not sharing the same letters are significantly different (p < 0.05, ANOVA
with Tukey’s test). Missing data: chronic 96-h LC50 values for the Ca-set, Mg-set and DOC-set and the 10-d and 20-d LC50 values at 0.5 mM Ca.
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other tested pHs. A similar low-pH protection against chronic Cu toxi-
city seems to have been lost over time from 96-h to 30-d of exposure (cf.
Fig. 2d). In the chronic exposure, only a significant protection at pH 8.5
was stable over time (cf. Fig. 2d).

As for the variation of DOC concentration, varying the pH had a
strong effect on Cu speciation, specifically on Cu2+ and CuOH+ ac-
tivities which are the two chemical forms of interest here. Fig. 5 shows
the speciation of the main Cu forms as a function of pH, as predicted by
Visual MINTEQ (Fig. 5a) and the W-BLM (Fig. 5b). Note that the spe-
ciation is at 96-h LC50 values but would remain virtually the same at
30-d LC50 values. For both speciation softwares, Cu2+ activity de-
creases as the pH increases and CuOH+ activity increases from pH 5–7
then decreases from pH 7 to 8.5. The free Cu2+ is more abundant from
pH 5 to ∼7.8, then CuOH+ becomes more abundant. However, the
activities of Cu2+ and CuOH+ are respectively 3–11 times and 4–19
times higher according to Visual MINTEQ than according to the W-
BLM. These differences come from the different assumptions on Cu-
DOM complexation and from the different KCuHCO3 used by the models
(Table 3).

From pH 5 to 7, linear relationships were observed between
LC50Cu2+ and H+ activities (as predicted by Visual MINTEQ) for both
the acute and the chronic data (Fig. 4d) and the derived log KHBL values
were respectively 6.2 and 5.8, higher than the log KHBL of 5.4 in the W-
BLM and the D-BLM (Table 3). However, the comparison between the
three models is complicated by the differences that they compute in the
Cu speciation, more precisely by the differences in metal-DOM

modeling assumptions and in the formation constants for carbonate
complexes (Table 3). In our data-set, a significant contribution of
CuOH+ to the acute Cu toxicity could be hypothesized from the steeper
slope observed at pH 8 and 8.5 (Fig. SI.1 in the Supporting Informa-
tion), where CuOH+ becomes more abundant than Cu2+. The ratio
KCuOHBL/KCuBL was estimated to be 1 for the acute test (i.e. the upper
constraint set on this adjustable parameter) and 0.2 for the chronic test.
These values mean that CuOH+ and Cu2+ were equally toxic in the
acute exposures and that Cu2+ was 5 times more toxic than CuOH+ in
the chronic exposures. Although they appear to be in strong contrast
with the W-BLM which considers Cu2+ to be 15 times more toxic than
CuOH+ (Table 3), the differences in the speciation calculation com-
plicate this comparison, as previously mentioned. Direct comparisons
with the D-BLM are also hindered by the assumed contribution of
CuCO3 to the overall toxicity in this model.

3.3.4. Estimations of log KCuBL and critical fCuBL values
The linear relationships between the observed logit percent mor-

tality and fCuBL calculated with Eq. (1) are shown in Fig. 6a (whole
acute data-set) and 6b (whole chronic data-set). The variability ob-
served in these two graphs partially reflects the variability in the con-
centration-response curves from the acute and chronic toxicity tests.
The best fits were obtained with a log KCuBL of 7.1 (acute) and 7.2
(chronic), while the log KCuBL (acute) of the W-BLM is 7.4 (Table 3).
Using the KCuOHBL/KCuBL ratios estimated above, we assessed the log
KCuOHBL to be 7.1 (acute) and 6.5 (chronic), higher than the value of 6.2

Fig. 3. 96-h LC50 and 30-d LC20 values (as total dissolved Cu concentration) as a function of total dissolved concentrations of a) Ca, b) Mg, c) DOC and of d) pH. Error bars indicate 95%
confidence limits. Black dashed and solid lines are linear regression lines for the acute and chronic data respectively.
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reported in the W-BLM.
Finally, the fraction of Cu bound to BL estimated at 50% and 20%

mortality are given in Table 3. The acute f50CuBL was estimated to be 0.118,
very close to the fraction used in the W-BLM (0.123). For the chronic ex-
posures, f20CuBL was the value of interest and it was estimated at 0.0560.

Lethal accumulations LA50 and LA20 were estimated by considering the
total density of BL on the gills to be 30 nmol g−1, as reported in the
W-BLM (e.g. LA50= f50CuBL × 30 nmol g−1). The resulting chronic LA20
was 0.0560× 30= 1.7 nmol g−1 and acute and chronic LA50 values
were 0.119× 30= 3.6 nmol g−1 and 0.0876× 30= 2.6 nmol g−1

Fig. 4. 96-h and 30-d Cu2+ activities at 50% mortality as a function of a) Ca2+ activity, b) Mg2+ activity, c) DOC concentration and d) H+ activity from pH 5 to 7. Calculations were
made with Visual MINTEQ (version 3.1) under conditions given in Tables 1 and 3 (newly derived BLMs columns). Error bars indicate 95% confidence intervals. Black dashed and solid
lines are linear regression lines for the acute and chronic data respectively.

Fig. 5. Main Cu species activity at 96-h LC50 as a function of pH, as predicted by a) Visual MINTEQ (version 3.1) and b) the Windward BLM (version 3.1.2.37). Speciation calculations
were performed under conditions given in Tables 1 and 3.
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respectively. These latter LA50 values were in the same order of magnitude
as the 24-h gill Cu accumulation values of ∼8 nmol g−1 (wet weight) that
were measured at 50%mortality between pH 6 and 8 by Ng et al. (2010) as
reported in Table 2 of that paper.

3.4. Acute and chronic toxicity predictions

3.4.1. Model calibration–predictions of the present data-set
Table 2 and Fig. 7 present the comparison of 96-h LC50 and 30-d

LC20 values measured in this study with those predicted by the newly
derived BLMs. By convention, the BLM predictions are usually con-
sidered to be satisfactory when they are estimated within a 2-fold error
from the observed toxicity. This was the case for 86% of the 96-h LC50
values predicted with the newly derived acute BLM (Table 2 and
Fig. 7a). The exceptions were at pH 8 and 8.5 where the 96-h LC50
values were over-predicted (i.e. under-estimation of toxicity) by a factor
of 2.3 and 5.0 respectively. The newly derived chronic BLM predicted
similarly 85% of the 30-d LC20 values within a 2-fold error, with very
slight deviations at pH 8.5 (2.1-fold over-estimation) and at 3 mM Mg
(2.3-fold under-estimation) (Table 2 and Fig. 7b). The influence of pH
in the chronic data-set was better captured by the newly derived
chronic BLM, although a small residual effect was still observable, with
an over-estimation of toxicity at low pH and an under-estimation of
toxicity at higher pH.

3.4.2. Model validation–predictions of the literature data
Fig. 8 and Table SI.1 present the comparison of 96-h LC50 and LC20

values (variable exposure duration) measured in the selected in-
dependent studies and predicted with the newly derived BLM. The ef-
fects of rainbow trout weight, of flow regime and of chronic exposure
duration on BLMs performance were assessed by evaluating the effect of
each parameter on the ratio of predicted vs. observed LC values. These
results are displayed in the Supporting Information (Figs. SI.2, SI.3,
SI.4, SI.5). No trend could be detected between the performances of the
new BLMs and fish weight (Figs. SI.2 and SI.3) or chronic exposure
duration (Fig. SI.4) However, a significantly higher over-estimation of
96-h LC50 values was observed for tests performed with static renewal
solutions (predicted LC50 vs. observed LC50 = 2.5 ± 1.1 (SD),
n = 23, 4 studies) compared to flow-through tests (predicted LC50 vs.
observed LC50 = 0.81 ± 0.59 (SD), n = 61, 14 studies) (Fig. SI.5). As
discussed in Section 4.4, this effect was opposite to our expectations.

The 90 tests of the 19 acute studies provided 96-h LC50 values
ranging from 2.8 to 516 μg L−1 (Table SI.1). The newly derived acute
BLM captured 59% of this 184-fold variation within an error< 2-fold,
while 21% of the 96-h LC50 values were more than 2-fold over-esti-
mated (up to 4.4-fold) and 20% were more than 2-fold under-estimated
(up to 6.7-fold) (Fig. 8a, Table SI.1). Mainly two studies were re-
sponsible for the 96-h LC50 over-estimation (Naddy et al., 2002) and
under-estimation (Howarth and Sprague, 1978) and possible reasons
are discussed in Section 4.4. Indeed, without these two studies, the

Fig. 6. Logit of the observed percent a) 96-h and b) 30-d fish mortality as a function of the calculated fraction of Cu bound to biotic ligand sites. The latter fraction was calculated with Eq.
(1) using the newly derived acute and chronic BLM parameters (Table 3) at the different physico-chemical conditions in Table 1.

Fig. 7. New acute and chronic BLM calibration with the present data-set: Predicted versus observed a) 96-h LC50 values with the new acute BLM and b) 30-d LC20 values with the new
chronic BLM. The calculations were made under the conditions and with the parameters given in Tables 1 and 3. Solid lines represent the 1:1 lines and dashed lines are the 2:1 and 1:2
lines.
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newly derived acute BLM captured 77% of the observed 110-fold var-
iation in 96-h LC50 values within an error< 2-fold. For Howarth and
Sprague (1978), where pH effects were investigated, the ratio of pre-
dicted vs. observed 96-h LC50 values increased by an average of ∼3.4-
fold from pH 5 to 9 (at all tested hardness), and up to 19-fold at a
hardness of 360 mg L−1. Cusimano et al. (1986) was the only other
acute study which investigated pH effects on Cu toxicity to rainbow
trout, at pH 4.7, 5.7 and 7 (Table SI.1). Although the 96-h LC50 values
were relatively well predicted, the same increase with pH was observed
in the ratio of predicted vs. observed LC50 values (by 4.6-fold from pH
4.7 to 7).

The 14 tests of the 6 chronic studies provided LC20 values ranging
from 7–310 μg L−1 (Table SI.1). The newly derived chronic BLM cap-
tured 50% of this 44-fold variation within a 2-fold error, while 7% of
the LC20 values were over-estimated (up to 3.7-fold) and 43% were
under-estimated (up to 6.5-fold) (Fig. 8b, Table SI.1). The 45-d LC20
from McKim et al. (1978) was the only over-estimated value. For this
study, most water chemistry parameters were not measured and re-
commendations from the USEPA (2007) were used (Table SI.1). Also,
note that the LC20 value was not reported in this publication; instead
we calculated it from the published concentration-response curve using
TRAP. The 10-d LC20 values from Waiwood and Beamish (1978b) were
generally under-estimated. In this study, it seems that the chronic BLM
could not fully capture the observed pH effect on Cu toxicity. Indeed, as
pH increased from 6 to ∼7.8, the ratio of predicted vs. observed LC50
values increased by ∼3.1-fold (from 2.2- to 4.5-fold from
30–100 mg L−1 hardness).

3.4.3. Evaluation of W-BLM and D-BLM with present and literature data
sets

Fig. 9a and Table SI.1 show the predictive capacity of the W-BLM on
our acute data-set and the acute literature studies. Overall, the W-BLM
predicted 32% of the 96-h LC50 values within a 2-fold error, while 62%
of them were more than 2-fold over-estimated (up to 16-fold) and 6%
were more than 2-fold under-estimated (up to 28-fold). Residual pH
effects were observed in the three studies where this parameter was
widely varied. Indeed, for our pH-set, the W-BLM under-estimated 96-h
LC50 by 3-fold at pH 5 and over-estimated 96-h LC50 by 13-fold at pH
8.5. For the data-set of Cusimano et al. (1986), the ratio of predicted vs.
observed LC50 values increased by ∼36-fold from pH 4.7 to 7. For the
data-set of Howarth and Sprague (1978), this ratio increased on average
by∼57-fold from pH 5 to 9 (at all tested hardnesses) and up to 200-fold
at a hardness of 360 mg L−1. In addition, the W-BLM, which considers
an equal protection of Ca and Mg (Table 3), over-estimated Mg pro-
tection for our Mg-set and for the data-sets of Naddy et al. (2002) and
Welsh et al. (2000).

Fig. 9b and Table SI.1 show the predictive capacity of the W-BLM
with an ACR of 3.22 on our chronic data-set and the chronic literature
studies. Note that for our data-set, the predicted 30-d LC20 values are

similar to the W-BLM predicted 96-h LC50 values divided by 3.22,
though not identical due to small differences in water chemistry be-
tween chronic and acute tests (Table 1). For most of our chronic data-
set, this USEPA chronic modeling approach allowed for reasonable
predictions of the 30-d LC20 values (i.e. within an error of 2-fold). In
fact, only the 30-d LC20 at pH 5 was more than 2-fold under-estimated
(by a factor of 2.5-fold). As for the new chronic BLM, the W-BLM with
ACR = 3.22 over-estimated 45-d LC20 values from McKim et al. (1978)
and generally under-estimated the 10-d LC20 values from Waiwood and
Beamish (1978b).

Fig. 9c and Table SI.1 show the predictive capacity of the Daphnia
magna acute Cu BLM (D-BLM) on our chronic data-set and the chronic
literature studies. For most of our chronic data-set, this EU chronic
modeling approach allowed for reasonable predictions of the 30-d LC20
values (i.e. within an error of 2-fold). This good performance is rather
remarkable, notably as it was obtained without any adjustment of the
D-BLM f50CuBL value of 0.47 (Table 3), a parameter that was originally
calibrated for acute LC50 determination, not chronic LC20 determina-
tion, and in an invertebrate (D. magna), rather than in a fish. Only the
30-d LC20 at 1.2 mM Ca was more than 2-fold under-estimated (by a
factor of 2.2-fold). As for the new chronic BLM and the W-BLM with
ACR = 3.22, the D-BLM over-estimated 45-d LC20 values from McKim
et al. (1978) and generally under-estimated the 10-d LC20 values from
Waiwood and Beamish (1978b). For the latter study, the LC20 value at
the highest pH and alkalinity was noticeably under-estimated (by a
factor of 5.6-fold), which could be attributed to the contribution of
CuCO3 to the overall toxicity in the D-BLM.

4. Discussion

4.1. The acute nature of Cu toxicity in chronically exposed rainbow trout

Our study indicates that Cu chronic toxicity to rainbow trout was
mainly of an acute nature, and that mortality was a more sensitive
endpoint than growth. Indeed, fish growth was not significantly in-
hibited during chronic exposure. Furthermore, mortality occurred
mostly within the first days of exposure at similar levels as in the acute
exposure (except for the low pH exposures which are discussed in
Section 4.3). All these conclusions are virtually identical to those
reached by De Schamphelaere and Janssen (2004b) who performed a
similar 30-d chronic exposure of juvenile rainbow trout to zinc in a
range of water chemistries, resulting in the only previous chronic fish
BLM. Accordingly, Naddy et al. (2007) reported similar toxicity be-
tween 7-day and 30-day early life stage tests on fathead minnow ex-
posed to silver. In future, it will be of interest to evaluate whether the
same is true for other fish species and other metals.

Previous studies on the effect of Cu on fish growth have led to
contradictory observations. Several investigations have shown that Cu
inhibits growth of fish, including that of rainbow trout (Lett et al., 1976;

Fig. 8. New acute and chronic BLM validation with literature studies (present data-set included): Predicted versus observed a) 96-h LC50 values with the new acute BLM and b) LC20
values (10 d to 78 d) with the new chronic BLM. Note: For the OSU 2016 data point in brackets (), the observed LC20 value (59 μg L−1) corresponds to a minimal estimate. The
calculations were made under the conditions and with the parameters given in Tables SI.1 and 3. Solid lines represent the 1:1 lines and dashed lines are the 2:1 and 1:2 lines.
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Waiwood and Beamish, 1978a; Marr et al., 1996; De Boeck et al., 1997;
Kamunde et al., 2005; Hashemi et al., 2008). This effect was generally
associated with reduced appetite and/or decrease in efficiency of en-
ergy utilization associated with increased detoxification and main-
tenance costs (Woltering, 1984). In accordance with our observations,
other studies have reported no decrease of growth in rainbow trout
chronically exposed to Cu (Miller et al., 1993; Taylor et al., 2000;
McGeer et al., 2000, 2002; Kamunde and MacPhail, 2008) and to Zn
(De Schamphelaere and Janssen, 2004b). Differences in exposure

duration, baseline fish sensitivity and metabolic activity, feeding
quantity and frequency, as well as in food quality may explain these
different observations on Cu effects on fish growth (Kamunde et al.,
2005; Hashemi et al., 2008). With regards to diet quality, Kamunde
et al. (2005) showed that growth inhibition of rainbow trout exposed to
Cu was higher with low-Na food than with high-Na food. It is indeed
now well established that Cu toxicity is associated with ionoregulatory
disturbance. More precisely, Na plasma loss is usually considered to be
the main cause of deleterious Cu effects (Laurén and McDonald, 1985;

Fig. 9. The Windward BLM (W-BLM) and the D. magna acute Cu
BLM (D-BLM) predictive capacities with the literature data-sets
and the present data-sets: a) Predicted versus observed 96-h LC50
values with the W-BLM and predicted versus observed chronic
LC20 values (10 d to 78 d) with b) the W-BLM with ACR = 3.22
and c) the D-BLM. Note: For the OSU 2016 data point in brackets
(), the observed LC20 value (59 μg L−1) corresponds to a minimal
estimate. The calculations were made under the conditions and
with the parameters given in Tables SI.1 and 3. Solid lines re-
present the 1:1 lines and dashed lines are the 2:1 and 1:2 lines.
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Grosell et al., 2002; Grosell, 2012; Chowdhury et al., 2016). Proposed
mechanisms for Cu-induced Na loss in freshwater fish are (i) a decrease
in Na branchial influx, notably via inhibition of the basolateral Na/K-
ATPase, and (ii) an increase in Na branchial diffusive efflux via an in-
crease in the branchial epithelium permeability, which is believed to be
induced by the displacement of Ca from the membrane tight junctions
(Laurén and McDonald, 1985, 1987a,b; Grosell et al., 2002; Chowdhury
et al., 2016).

In the present study, whole body Na concentration was indeed re-
duced in some of the acute Cu exposures (at 24 h and pH 6: r2 = 0.72;
at 96 h and pH 5: r2 = 0.72; at 96 h and pH 7: r2 = 0.88, in Fig. SI.1 in
the Supporting Information of Ng et al., 2010). In the chronic Cu ex-
posures, these data were collected only at 30 d and showed a constant
Na level (∼40 μmol g−1 wet wt) in the whole fish body across the
range of Cu concentration and pH tested (see Fig. SI.1 in the Supporting
Information of Ng et al., 2010). Copper-induced disturbances of Na
homeostasis have been shown mostly in acute studies (see Grosell, 2012
for a review) but a few chronic studies have also demonstrated these
effects (McGeer et al., 2000, 2002). In these latter studies from McGeer
and coworkers, an initial disruption of Na balance (within the first few
days) was followed by a subsequent recovery to control levels, which
was associated to an up-regulation of branchial Na/K-ATPase activity.
This pattern of initial short “shock” phase followed by a gradual return
to control conditions has been shown for other higher biological end-
points in chronic Cu toxicity studies in various fish: gill damage in the
common carp (De Boeck et al., 2007; Hashemi et al., 2008), cessation of
feeding in rainbow trout (Lett et al., 1976) and growth rate in rainbow
trout (Lett et al., 1976; Waiwood and Beamish, 1978a; Dixon and
Sprague, 1981). All these observations are in accordance with the da-
mage-repair model described by McDonald and Wood (1993) for
branchial acclimation to metals in freshwater fish. In our study, it is
possible that the repair process rates were particularly fast so that
growth was an insensitive endpoint. Yet, we cannot preclude possible
impairments at other levels of biological organizations, such as olfac-
tory impairment which has been shown to occur in fish exposed to very
low waterborne concentrations of Cu (Green et al., 2010; Meyer and
Adams, 2010).

4.2. Effects of DOM, Ca and Mg concentrations on Cu acute and chronic
toxicity

Elevating DOM and Ca concentrations both reduced fish mortality in
the acute and chronic exposures, in manners that were well captured by
the BLM mathematical framework. The binding of aqueous metals to
DOM has been shown to decrease metal bioavailability and hence
toxicity to various aquatic organisms in both acute (Playle et al., 1993a;
De Schamphelaere and Janssen, 2004a) and chronic (McGeer et al.,
2002) exposures. In addition, a range of beneficial effects of DOM on
ionoregulation in fish have been reported, and may also contribute an
element of physiological protection (e.g. Wood et al., 2011; Crémazy
et al., 2016). Increasing general water hardness (Ca and Mg con-
centrations) has also been shown to provide protection against metal
toxicity to aquatic organisms in both acute (Howarth and Sprague,
1978) and chronic (Waiwood and Beamish, 1978a and b) exposures.
Specific Ca protection against Cu toxicity has been relatively well stu-
died and it is believed to be mainly due to the role of Ca in decreasing
gill membrane permeability and hence in decreasing diffusive losses of
plasma ions (Grosell, 2012), though it also provides some protection
against the inhibition of Na influx (Chowdhury et al., 2016). Contrary
to Ca, Mg protective mechanisms against Cu toxicity remain to be
elucidated. In the present study, the two principal hardness ions, Ca and
Mg, did not provide equal protections as assumed in the W-BLM. In-
deed, compared to Ca, Mg protection was much lower in the chronic
exposure and even negligible in the acute exposure. The relative pro-
tection of Ca and Mg against Cu toxicity seems to be species-specific, as
De Schamphelaere and Janssen (2002) showed a similar protection by

Ca and Mg in Daphnia magna while Ha et al. (2017) showed a much
lower relative protection by Mg in Daphnia galeata. However for fish,
Mg is usually found to be at best minimally protective against Cu
toxicity. Indeed, as in the present study, no significant or small (relative
to Ca) Mg protection against Cu toxicity has been observed in fathead
minnows (Erickson et al., 1996), channel catfish (Perschbacher and
Wurts, 1999), rainbow trout and chinook salmon (Welsh et al., 2000;
Naddy et al., 2002). Hence, the newly derived acute BLM better pre-
dicted 96-h LC50 values for these latter rainbow trout studies compared
to the W-BLM. The rationale for the log KMgBL of 3.6 in the W-BLM is
unclear since this model is based on an unpublished toxicity data-set.
The reason why Mg protection would be higher in chronic than in acute
Cu exposure is also unclear. It may be a nutritive effect of this essential
cation.

4.3. Effect of pH on Cu acute and chronic toxicity

Very little effect of pH on acute and chronic toxicity was observed in
our pH-set at pHs of 6.0-8.0, but marked effects occurred at pH ex-
tremes of 5.0 and 8.5, and these differed between acute and chronic
exposures (Table 2). These pH effects were clearly the most challenging
to model within the BLM construct. According to the BLM, pH effects
can be of two different natures with opposite directions: proton com-
petition effects (as shown in Fig. 4d and accounted for by KHBL) and
metal speciation effects (as shown in Fig. 5 and accounted for by Cu2+

activity calculations). Indeed, at low pH, the increase in H+ competi-
tion (protection) may be counteracted by the increase in Cu2+ activity,
while at high pH, the decrease in H+ competition (loss of protection)
may be counteracted by the decrease in Cu bioavailability by com-
plexation of Cu2+ with carbonates and hydroxides. However, as the two
examples in Fig. 5 illustrate, differences in aquatic geochemistry models
greatly affect their outputs, notably the differences in stability constants
of carbonato-complexes and in organic matter modeling. In our study,
the effects of pH on Cu toxicity over the wide range of pH tested could
not be fully captured by acute and chronic BLMs using either of these
modeling frameworks. It is very likely that pH-dependent processes
other than the ones classically assumed by the BLM framework, may be
integrated within each toxicity data point. Therefore, the BLM con-
stants, which are derived to obtain the best fit between observed and
predicted toxicity, cannot be interpreted to exactly describe the geo-
chemical processes underlying the observed relations.

At low pH, initial protection by food seems to have occurred in our
study, as 96-h LC50 values in the chronic exposure were initially higher
than their corresponding acute 96-h LC50 values. However, this addi-
tional protection at pH 5 and 6 decreased over the course of the chronic
exposure, more rapidly at pH 5 than at pH 6 (Table S1.2; Fig. 2b). These
findings may indicate that the protons directly contributed to the
overall toxicity in the chronic exposure. Similar findings have been
reported by Waiwood and Beamish (1978b) who showed that fish
mortality occurred within the very first days of Cu exposure at
pH≥ 7.5, but was still occurring after 4 days of exposure at pH 6. This
hypothesis of H+ direct chronic toxicity is in agreement with the lower
measured 24-h LA50 (for 30-d mortality) observed at pH 5 compared to
the other pH tested in the chronic study (see Table 2 in Ng et al., 2010).
Low pH has been shown to represent an additional stress on fish io-
noregulation in chronic (and also acute) exposures, and feeding has
been shown to provide some protection against this stress (Menendez,
1976; McDonald and Wood, 1981; Kwain et al., 1984; Wood, 1989;
Reid, 1995; D'Cruz and Wood, 1998; D'Cruz et al., 1998). In our study, a
long-term H+ toxicity, lasting longer than food protection, could ex-
plain why the derived chronic KHBL (log KHBL = 5.8) is 2.5-fold lower
than the derived acute KHBL (log KHBL = 6.2). Note that both values
were higher than the W-BLM value, by 2.5- and 6.3-fold respectively.
The log KHBL of 5.4 in the W-BLM may come from the frequently re-
ported biological surface pKa from 4 to 5.4 (Playle et al., 1993b). The
higher log KHBL values derived in our study may indicate the existence
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of a physiological component in the mechanism of proton protection.
Indeed, although proton protection against Cu toxicity has often been
assumed to be of a competitive nature at the gill transporters (Di Toro
et al., 2001; Paquin et al., 2002 Paquin et al., 2002), some studies have
shown that H+ protection may not be related simply to reduced metal
uptake, but may also be physiologically based (Playle et al., 1992;
Chowdhury and Blust, 2001; Grosell, 2012). This latter hypothesis was
supported by the absence of a clear trend between pH and Cu bioac-
cumulation, as reported in Ng et al. (2010).

At high pH, food seemed to have provided some durable protection:
at pH 8.5, chronic LC50 values were consistently higher than the acute
96-h LC50 values. As a result, derived chronic KCuOHBL

(log KCuOHBL = 6.5) was 4-fold lower than the derived acute KCuOHBL

(log KCuOHBL = 7.1). Yet, as for KHBL, both KCuOHBL values were higher
than the value in the W-BLM. For the acute BLM, despite bringing the
CuOH+ contribution equal to that of Cu2+ to the overall toxicity,
toxicity was still being under-predicted at pH≥ 8. To satisfactorily
predict toxicity at high pH values within the construct of the BLM, the
toxicity of the hydroxo-complex would have to be higher than that of
the free ion (i.e. log KCuOHBL > log KCuBL), a rather unrealistic condi-
tion. However, this trend at high pH seems to be confirmed by the
Howarth and Sprague (1978) data-set. Different 24-h LA50 values (for
96-h and 30-d mortality) were measured at pH 8.5 compared to the
lower pH values tested (see Table 2 in Ng et al., 2010), potentially
indicating the occurrence of some physiological modifications in the
fish gills at high pH.

Previously, Ng et al. (2010) proposed that the inability of the BLM
to fully capture the pH effect on Cu toxicity in the wide range of pH
tested here may be due to the buffering of pH in the fish gill micro-
environment. Indeed, this buffering would explain the relatively stable
acute and chronic LC values observed in the pH range tested in our
study (Table 2 and Fig. 3d) (in strong contrast with the W-BLM pre-
dictions) (Tao et al., 2001; Playle and Wood, 1989). This hypothesis of a
different and much more stable pH at the immediate proximity of the
gill surface would indeed complicate BLM predictions based on bulk
water pH.

4.4. Performance of the new acute and chronic BLMs, and comparison with
W-BLM and D-BLM

The newly derived BLMs did relatively well at predicting the ma-
jority of the literature data, despite the wide experimental conditions
used in the different studies. For example, fish life stages varied from
embryos to adults (with corresponding variations in weight of two or-
ders of magnitude) without a noticeable effect on acute or chronic Cu
toxicity to rainbow trout (Figs. SI.2, SI.3). Indeed, among the different
studies surveyed, only a few reported an effect of fish life stage/weight
on Cu toxicity to rainbow trout (Howarth and Sprague, 1978; Vardy
et al., 2013), while more have shown little to no variation of fish sen-
sitivity with this parameter (Chapman and Stevens, 1978; Besser et al.,
2007; Little et al., 2012; Calfee et al., 2014; Wang et al., 2014). Simi-
larly, chronic exposure duration ranged from 10 d (Waiwood and
Beamish, 1978b) to 78 d (Seim et al., 1984) without a detectable effect
on Cu toxicity to rainbow trout (Fig. SI.4). We selected this wide range
of exposure durations based on our findings that not much additional
mortality was occurring after 10 d in chronic exposures. In agreement,
in Waiwood and Beamish (1978b), fish were in fact exposed for up to
30 d, but most mortality occurred within the first 5 days and thus only
the 10-d LC20 values were reported. Finally, in Wang et al. (2014), 21-d
and 52-d Cu exposures, started with 1-dph larval rainbow trout, led to
LC20 values that differed by only 1.2-fold.

On the other hand, the flow regime seemed to noticeably influence
Cu toxicity to rainbow trout, but in an unexpected manner (Fig. SI.5).
As for the present study, most laboratory fish toxicity tests use flow-
through systems (14 out of the 19 acute studies and 4 out of the 6
chronic studies, Table SI.1), where the toxicant is added to the test

water only minutes prior to being introduced into the test chamber.
Concerns have been raised that the rapid water turnover rates of flow-
through systems do not allow sufficient time for the metal to equilibrate
between its different forms in solutions. Indeed, Ma et al. (1999) and
Kim et al. (1999) demonstrated that increasing equilibration time be-
tween Cu and water containing DOC (2.5–20 mg L−1) led to Cer-
iodaphnia dubia being exposed to lower free Cu2+ concentrations and
thus to lower toxicity (i.e. higher LC value). More recently, Welsh et al.
(2008) showed that static renewal tests generated lower Cu toxicity to
rainbow trout (higher observed LC50 values) than in flow-through tests,
with waters containing low DOC concentrations (0.3–2 mg L−1).
However, these differences could be explained by an observed accu-
mulation of DOC (originating from fish) in the static test chambers,
suggesting that equilibration time was probably rapid at the Cu and
DOC concentrations used in this study. In our flow-through study,
where residence time was about 80 min, it is possible that thermo-
dynamic equilibrium was not reached in the exposure. This would lead
the newly derived BLMs to under-predict LC values for static renewal
tests that allowed water pre-equilibration.

Two studies were largely responsible for the over-estimation (Naddy
et al., 2002) and under-estimation (Howarth and Sprague, 1978) of 96-
h LC50 values by the newly derived acute BLM. Two reasons may
contribute to these discrepancies. First, uncertainties in water chem-
istry inputs may have led to erroneous LC50 predictions. For example,
DOC concentrations were not measured in either study (default DOC
values in Table SI.1 are based on USEPA (2007) recommendations). In
fact, in Howarth and Sprague (1978), only the temperature, hardness
and pH have been reported. Second, fish used in these two studies may
have presented somewhat different sensitivities than the fish used in
our study (i.e. a different f50CuBL would apply). Differences in sensitivities
may notably originate from different acclimation protocols. For the
chronic studies, the 10-d LC20 values from Waiwood and Beamish
(1978b) constituted the major deviations from the newly derived
chronic BLM predictions. Interestingly, this study had almost identical
experimental conditions as in Howarth and Sprague (1978): juvenile
rainbow trout around the similar age and size were likewise exposed in
a series of dilutions of well waters from the University of Guelph (Ca-
nada), probably around similar dates. As for Howarth and Sprague
(1978), only the temperature, hardness and the pH were measured
during these tests, the rest of the chemistry being estimated from
USEPA (2007) recommendations for the modeling purpose (Table SI.1).

In general, the newly derived acute BLM did better at predicting
rainbow trout Cu 96-h LC50 values than the W-BLM. Indeed, the W-
BLM generally over-estimated 96-h LC50 values, i.e. under-estimated
toxicity, suggesting its less conservative nature for regulatory uses.
Furthermore, the newly derived acute BLM was noticeably better at
capturing pH and Mg effects, by assuming a higher H+ protection, a
higher CuOH+ toxicity and a negligible Mg protection. A residual pH
effect was however observed, as measured toxicity at pH≥ 8 was
higher than predicted. On the other hand, W-BLM with an ACR = 3.22
was actually better at predicting chronic toxicity than acute toxicity,
although it was derived from an acute data-set. This higher perfor-
mance was due to two reasons. First, the W-BLM parameters (log K
values) were actually closer to the new chronic BLM parameters than to
the new acute BLM parameters, so it could better capture water
chemistry effects of the chronic data-set. Second, the W-BLM, although
over-estimating acute LC50 values, yielded reasonable chronic LC20
values because of the use of a high ACR of 3.22 from USEPA (2007). A
lower ACR value of ∼1.4 was observed between the acute and chronic
data-sets in our study. Similarly, for the same endpoint of survival, an
ACR of ∼1.9 was estimated in Wang et al. (2014), of ∼1.5 in Seim
et al. (1984), of ∼1.3 in Besser et al. (2007) and of ∼1.2 for Howarth
and Sprague (1978) and Waiwood and Beamish (1978b). The overall
performances of the three chronic BLMs tested (newly derived BLM, W-
BLM and D-BLM) were relatively similar, although the W-BLM provided
slightly better predictions. The relatively satisfactory performance of
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the daphnia BLM (D-BLM) on fish data supports the hypothesis of si-
milar Cu toxicity mechanisms among freshwater animals (i.e. ionor-
egulatory disturbances (Grosell et al., 2002)). All three models tended
to under-estimate the LC20 values from Waiwood and Beamish
(1978b). However, a particularly strong under-estimation from the D-
BLM of the LC20 value at the highest pH and alkalinity questions the
validity of adding CuCO3-BL binding to the model. More chronic studies
testing a wider range of physico-chemical conditions are needed to
thoroughly evaluate the performance of the new chronic BLM, as well
as the D-BLM and W-BLM approaches, to predicting chronic toxicity to
rainbow trout.

5. Conclusions and recommendations

In conclusion, rainbow trout responded very similarly to acute and
chronic Cu exposures, with toxicity differences mainly observed in the
Mg-sets (Mg protection against chronic toxicity only) and at the ex-
treme pHs 5 and 8.5 (with opposite pH effects on the chronic and acute
toxicity). The experimental data-sets collected in this study offer criti-
cally needed quantitative evidence of the relationships between water
chemistry parameters and acute and chronic Cu toxicity to fish. The
new acute and chronic Cu BLMs developed from these data-sets offer a
significant improvement for assessing Cu toxicity to fish in a wide range
of water chemistry. Notably, the new acute BLM appears more robust
than the W-BLM in the pH range of 5–8.5 and at varying Mg con-
centrations. Nevertheless, it should be noted that the current ap-
proaches for predicting chronic Cu toxicity to fish using acute BLMs (W-
BLM with ACR for USEPA and D-BLM for EU) may yield reasonable
predictions between pH 6 and 8, and in the case of the W-BLM approach
when chronic Mg protection is relatively low [note that Ca:Mg ratios of
1–5 are typically found in natural freshwaters (Welsh et al., 2000)]. Yet,
because of the similar acute and chronic toxicity, the USEPA ACR value
of 3.22 may over-estimate the chronic toxicity of Cu to rainbow trout.
For future work, we recommend that the mechanisms underlying the
pH effects on Cu toxicity be further investigated. Indeed, our study
suggests that there may be effects other than H+ competition and
CuOH+ toxicity which contribute to the pH-dependant modification of
Cu toxicity to rainbow trout. Additionally, we suggest that Mg effects on
Cu toxicity to fish should be re-evaluated, as the considerable acute Mg
protection incorporated into the W-BLM was not supported by our
study, or by a number of literature studies. The differences in Mg
protection and pH effects between acute and chronic exposures also
need further mechanistic investigation. Finally, the framework of the
acute and chronic BLMs will not be complete without an evaluation of
possible Na effects, which could not be undertaken in the present study.

Acknowledgments

The experimental study was supported by a Collaborative Research
and Development Grant from the Natural Sciences and Engineering
Research Council (NSERC) of Canada, and the International Copper
Association (ICA), the Copper Development Association (CDA), the
International Lead Zinc Research Organization (ILZRO), the
International Zinc Association (IZA), the Nickel Producers
Environmental Research Association (NiPERA), Noranda-Falconbridge
(now Glencore), Xstrata Zinc (now Glencore), Teck-Cominco (now Teck
Resources), and Inco (now Vale). Additional funding for synthesis and
modeling was provided by the European Copper Institute. We thank
Drs. Stijn Baken and Katrien Delbeke of the European Copper Institute,
Dr. Robert Dwyer of ICA, and Drs. Marko Adzic and Steven Hilts of Teck
Resources for helpful input and Dr William Stubblefield, Allison
Cardwell and coworkers at Oregon State University for access to un-
published data. CMW was supported by the Canada Research Chairs
Program. We thank Sunita Nadella, Linda Diao and Joel Klinck for
excellent technical assistance.

Appendix A. Supplementary data

Supplementary data associated with this article can be found, in the
online version, at http://dx.doi.org/10.1016/j.aquatox.2017.07.013.

References

Al-Reasi, H.A., Scott, D.S., Wood, C.M., 2012. Evaluating the ameliorative effect of nat-
ural dissolved organic matter (DOM) quality on copper toxicity to Daphnia magna:
improving the BLM. Ecotoxicology 21, 524–537.

Allen, H.E., Hansen, D.J., 1996. The importance of trace metal speciation to water quality
criteria. Water Environ. Res. 68, 42–54.

Allen, H.E., Hall, R.H., Brisbin, T.D., 1980. Metal speciation: effects on aquatic toxicity.
Environ. Sci. Technol. 14, 441–443.

Bergman, H.L., Doward-King, E.J., 1997. Reassessment of metals criteria for aquatic life
protection: priorities for research and implementation. In: SETAC Pellston Workshop
on Reassessment of Metals Criteria for Aquatic Life Protection. Feb 10–14 1996,
Pensacola, FL, SETAC Press. 114 pp.

Besser, J.M., Mebane, C.A., Mount, D.R., Ivey, C.D., Kunz, J.L., Greer, I.E., May, T.W.,
Ingersoll, C.G., 2007. Sensitivity of mottled sculpins (Cottus bairdi) and rainbow trout
(Onchorhynchus mykiss) to acute and chronic toxicity of cadmium, copper, and zinc.
Environ. Toxicol. Chem. 26, 1657–1665.

Bryan, S.E., Tipping, E., Hamilton-Taylor, J., 2002. Comparison of measured and mod-
elled copper binding by natural organic matter in freshwaters. Comp. Biochem.
Physiol. C 133, 37–49.

Buffle, J., 1988. Complexation Reactions in Aquatic Systems: An Analytical Approach.
Ellis Horwood Ltd, Chichester, UK.

Calfee, R.D., Little, E.E., Puglis, H.J., Scott, E., Brumbaugh, W.G., Mebane, C.A., 2014.
Acute sensitivity of white sturgeon (Acipenser transmontanus) and rainbow trout
(Oncorhynchus mykiss) to copper, cadmium, or zinc in water-only laboratory ex-
posures. Environ. Toxicol. Chem. 33, 2259–2272.

Campbell, P.G.C., Chapman, P.M., Hale, B.A., 2006. Risk assessment of metals in the
environment. In: Harrison, R.M., Hester, R.E. (Eds.), Chemicals in the Environment:
Assessing and Managing Risk. RSC publishing, Cambridge, UK, pp. 102–126.

Chapman, G.A., Stevens, D.G., 1978. Acutely lethal levels of cadmium, copper, and zinc to
adult male coho salmon and steelhead. Trans. Am. Fish. Soc. 107, 837–840.

Chapman, G.A., 1978. Toxicities of cadmium, copper, and zinc to four juvenile stages of
chinook salmon and steelhead. Trans. Am. Fish. Soc. 107, 841–847.

Chowdhury, M.J., Blust, R., 2001. A mechanistic model for the uptake of waterborne
strontium in the common carp (Cyprinus carpio L.). Environ. Sci. Technol. 35,
669–675.

Chowdhury, M.J., Girgis, M., Wood, C.M., 2016. Revisiting the mechanisms of copper
toxicity to rainbow trout: time course, influence of calcium, unidirectional Na+

fluxes, and branchial Na+, K+ ATPase and V-type H+ ATPase activities. Aquat.
Toxicol. 177, 51–62.

Crémazy, A., Wood, C.M., Smith, D.S., Ferreira, M.S., Johannsson, O.E., Giacomin, M.,
Val, A.L., 2016. Investigating copper toxicity in the tropical fish cardinal tetra
(Paracheirodon axelrodi) in natural Amazonian waters: measurements, modeling, and
reality. Aquat. Toxicol. 180, 353–363.

Cusimano, R.F., Brakke, D.F., Chapman, G.A., 1986. Effects of pH on the toxicities of
cadmium, copper, and zinc to steelhead trout (Salmo gairdneri). Can. J. Fish. Aquat.
Sci. 43, 1497–1503.

D'Cruz, L.M., Wood, C.M., 1998. The Influence of dietary salt and energy on the response
to low pH in juvenile rainbow trout. Physiol. Zool. 71, 642–657.

D'Cruz, L.M., Dockray, J.J., Morgan, I.J., Wood, C.M., 1998. Physiological effects of
sublethal acid exposure in juvenile rainbow trout on a limited or unlimited ration
during a simulated global warming scenario. Physiol. Zool. 74, 359–376.

De Boeck, G., Vlaeminck, A., Blust, R., 1997. Effects of sublethal copper exposure on
copper accumulation, food consumption, growth, energy stores, and nucleic acid
content in common carp. Arch. Environ. Contam. Toxicol. 33, 415–422.

De Boeck, G., Van der Ven, K., Meeus, W., Blust, R., 2007. Sublethal copper exposure
induces respiratory stress in common and gibel carp but not in rainbow trout. Comp.
Biochem. Physiol. C 144, 380–390.

De Schamphelaere, K.A.C., Janssen, C.R., 2002. A biotic ligand model predicting acute
copper toxicity for Daphnia magna: the effects of calcium, magnesium, sodium, po-
tassium, and pH. Environ. Sci. Technol. 36, 48–54.

De Schamphelaere, K.A.C., Janssen, C.R., 2004a. Development and field validation of a
biotic ligand model predicting chronic copper toxicity to Daphnia magna. Environ.
Toxicol. Chem. 23, 1365–1375.

De Schamphelaere, K.A.C., Janssen, C.R., 2004b. Bioavailability and chronic toxicity of
zinc to juvenile rainbow trout (Oncorhynchus mykiss): comparison with other fish
species and development of a biotic ligand model. Environ. Sci. Technol. 38,
6201–6209.

De Schamphelaere, K.A.C., Janssen, C.R., 2008. Environmental effects, appendix U:
modeling copper bioavailability and toxicity in freshwater: uncertainty reduction for
risk assessment (Chronic fish-BLM). Voluntary Risk Assessment of Copper, Copper II
Sulphate Pentahydrate, Copper(I) Oxide, Copper(II) Oxide, Dicopper Chloride
Trihydroxide. European Copper Institute, Brussels, Belgium Chapter 3.

De Schamphelaere, K.A.C., Nys, C., Janssen, C.R., 2014. Toxicity of lead (Pb) to fresh-
water green algae: development and validation of a bioavailability model and inter-
species sensitivity comparison. Aquat. Toxicol. 155, 348–359.

DePalma, S.G.S., Arnold, W.R., McGeer, J.C., Dixon, D.G., Smith, D.S., 2011. Variability
in dissolved organic matter fluorescence and reduced sulphur concentration in
coastal marine & estuarine environments. Appl. Geochem. 26, 394–404.

A. Crémazy et al. Aquatic Toxicology 192 (2017) 224–240

238

http://dx.doi.org/10.1016/j.aquatox.2017.07.013
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0005
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0005
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0005
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0010
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0010
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0015
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0015
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0020
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0020
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0020
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0020
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0025
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0025
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0025
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0025
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0030
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0030
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0030
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0035
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0035
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0040
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0040
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0040
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0040
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0045
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0045
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0045
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0050
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0050
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0055
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0055
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0060
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0060
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0060
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0065
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0065
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0065
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0065
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0070
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0070
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0070
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0070
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0075
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0075
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0075
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0080
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0080
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0085
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0085
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0085
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0090
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0090
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0090
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0095
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0095
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0095
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0100
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0100
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0100
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0105
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0105
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0105
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0110
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0110
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0110
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0110
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0115
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0115
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0115
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0115
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0115
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0120
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0120
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0120
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0125
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0125
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0125


Delbeke, et al., 2010. The EU copper risk assessment: summary and applications. In: the
Proceedings of the COBRE 2010 Conference. Hamburg, Germany, 6–10 June.

Deleebeeck, N.M.E., De Schamphelaere, K.A.C., Janssen, C.R., 2008. A novel method for
predicting chronic nickel bioavailability and toxicity to Daphnia magna in artificial
and natural waters. Environ. Toxicol. Chem. 27, 2097–2107.

Di Toro, D.M., Allen, H.E., Bergman, H.L., Meyer, G., Paquin, P.R., Santore, R.C., 2001. A
biotic ligand model of the acute toxicity of metals: 1. Technical basis. Environ.
Toxicol. Chem. 20, 2383–2396.

Dixon, D.G., Sprague, J.B., 1981. Acclimation to copper by rainbow trout (Salmo gaird-
neri)–a modifying factor in toxicity. Can. J. Fish. Aquat. Sci. 38, 880–888.

ECHA (European Chemical Agency), 2008. Guidance on Information Requirements and
Chemical Safety Assessment. Appendix R.7.13-2: Environmental Risk Assessment for
Metals and Metal Compounds. 78 p.

ECI (European Copper Institute), 2008. European Union Risk Assessment Report:
Voluntary Risk Assessment of Copper, Copper II Sulphate Pentahydrate, Copper(I)
Oxide, Copper(II) Oxide, Dicopper Chloride Trihydroxide. ECI (European Copper
Institute), Brussels, Belgium.

Erickson, R.J., Benoit, D.A., Mattson, V.R., Nelson, H.P., Leonard, E.N., 1996. The effects
of water chemistry on the toxicity of copper to fathead minnows. Environ. Toxicol.
Chem. 15, 181–193.

Fogels, A., Sprague, J.B., 1977. Comparative short-term tolerance of zebrafish, flagfish,
and rainbow trout to five poisons including potential reference toxicants. Water Res.
11, 811–817.

Green, W.W., Mirza, R.S., Wood, C.M., Pyle, G.G., 2010. Copper binding dynamics and
olfactory impairment in fathead minnows Pimephales promelas. Environ. Sci. Technol.
44, 1431–1437.

Grosell, M., Nielsen, C., Bianchini, A., 2002. Sodium turnover rate determines sensitivity
to acute copper and silver exposure in freshwater animals. Comp. Biochem. Physiol. C
133, 287–303.

Grosell, M., 2012. Copper. In: In: Wood, C.M., Farrell, A.P., Brauner, C.J. (Eds.), Fish
Physiology: Homeostasis and Toxicology of Essential Metals, vol. 31A. Academic
Press, San Diego, USA, pp. 54–110.

Ha, J.-Y., Kamo, M., Sakamoto, M., 2017. Acute toxicity of copper to Daphnia galeata
under different magnesium and calcium conditions. Limnology 18, 63–70.

Hansen, J.A., Lipton, J., Welsh, P.G., 2002. Relative sensitivity of bull trout (Salvelinus
confluentus) and rainbow trout (Oncorhynchus mykiss) to acute copper toxicity.
Environ. Toxicol. Chem. 21, 633–639.

Hashemi, S., Blust, R., De Boeck, G., 2008. Combined effects of different food rations and
sublethal copper exposure on growth and energy metabolism in common carp. Arch.
Environ. Contam. Toxicol. 54, 318–324.

Heijerick, D.G., De Schamphelaere, K.A.C., Van Sprang, P.A., Janssen, C.R., 2005.
Development of a chronic zinc biotic ligand model for Daphnia magna. Ecotoxicol.
Environ. Saf. 62, 1–10.

Hoppe, S., Gustafsson, J.P., Borg, H., Breitholtz, M., 2015. Evaluation of current copper
bioavailability tools for soft freshwaters in Sweden. Ecotoxicol. Environ. Saf. 114,
143–149.

Howarth, R.S., Sprague, J.B., 1978. Copper lethality to rainbow trout in waters of various
hardness and pH. Water Res. 12, 455–462.

Kamunde, C., MacPhail, R., 2008. Bioaccumulation and hepatic speciation of copper in
rainbow trout (Oncorhynchus mykiss) during chronic waterborne copper exposure.
Arch. Environ. Contam. Toxicol. 54, 493–503.

Kamunde, C.N., Niyogi, S., Wood, C.M., 2005. Interaction of dietary sodium chloride and
waterborne copper in rainbow trout (Oncorhynchus mykiss): copper toxicity and so-
dium and chloride homeostasis. Can. J. Fish. Aquat. Sci. 62, 390–399.

Kim, S.D., Ma, H., Allen, H.E., Cha, D.K., 1999. Influence of dissolved organic matter on
the toxicity of copper to Ceriodaphnia dubia: effect of complexation kinetics. Environ.
Toxicol. Chem. 18, 2433–2437.

Kwain, W., McCauley, R.W., Maclean, J.A., 1984. Susceptility of starved, juvenile
smallmouth bass, Micropterus dolmieui (Lacepede), to low pH. J. Fish Biol. 25,
501–504.

Lathouri, M., Korre, A., 2015. Temporal assessment of copper speciation, bioavailability
and toxicity in UK freshwaters using chemical equilibrium and biotic ligand models:
implications for compliance with copper environmental quality standards. Sci. Total
Environ. 538, 385–401.

Laurén, D.J., McDonald, D.G., 1985. Effects of copper on branchial ionoregulation in the
rainbow trout, Salmo gairdneri Richardson. J. Comp. Physiol. 155, 635–644.

Laurén, D.J., McDonald, D.G., 1987a. Acclimation to copper by rainbow trout, Salmo
gairdneri: physiology. Can. J. Fish. Aquat. Sci. 44, 99–104.

Laurén, D.J., McDonald, D.G., 1987b. Acclimation to copper by rainbow trout, Salmo
gairdneri: biochemistry. Can. J. Fish. Aquat. Sci. 44, 105–111.

Lett, P., Garmer, G., Beamish, F., 1976. Effect of copper on some aspects of the bioe-
nergetics of rainbow trout (Salmo gairdneri). J. Fish. Res. Board Can. 33, 1335–1342.

Little, E.E., Calfee, R.D., Linder, G., 2012. Toxicity of copper to early-life stage Kootenai
River white sturgeon, Columbia River white sturgeon, and rainbow trout. Arch.
Environ. Contam. Toxicol. 63, 400–408.

Ma, H., Kim, S.D., Cha, D.K., Allen, H.E., 1999. Effect of kinetics of complexation by
humic acid on toxicity of copper to Ceriodaphnia dubia. Environ. Toxicol. Chem. 18,
828–837.

Marr, J.C.A., Lipton, J., Cacela, D., Hansen, J.A., Bergman, H.L., Meyer, J.S., Hogstrand,
C., 1996. Relationship between copper exposure duration, tissue copper concentra-
tion, and rainbow trout growth. Aquat. Toxicol. 36, 17–30.

Marr, J.C., Lipton, J., Cacela, D., Hansen, J.A., Meyer, J.S., Bergman, H.L., 1999.
Bioavailability and acute toxicity of copper to rainbow trout (Oncorhynchus mykiss) in
the presence of organic acids simulating natural dissolved organic carbon. Can. J.
Fish. Aquat. Sci. 56, 1471–5183.

Mattigod, S.V., Sposito, G., 1979. Chemical modeling of trace metal equilibria in

contaminated soil solutions using the computer program, GEOCHEM. In: Jenne, E.A.
(Ed.), Chemical Modeling in Aqueous Systems: Speciation, Sorption, Solubility. ACS,
Washington, USA, pp. 837–856.

McDonald, D.G., Wood, C.M., 1981. Branchial and renal acid and ion fluxes in the
rainbow trout, Salmo gairdneri, at low environmental pH. J. Exp. Biol. 93, 101–118.

McDonald, D.G., Wood, C.M., 1993. Branchial mechanisms of acclimation to metals in
freshwater fish. In: Rankin, J.C., Jensen, F.B. (Eds.), Fish Ecophysiology.
Chapman &Hall, London, UK, pp. 297–321.

McGeer, J.C., Szebedinszky, C., McDonald, D.G., Wood, C.M., 2000. Effects of chronic
sublethal exposure to waterborne Cu, Cd or Zn in rainbow trout. 1: iono-regulatory
disturbance and metabolic costs. Aquat. Toxicol. 50, 231–243.

McGeer, J.C., Szebedinszky, C., McDonald, D.G., Wood, C.M., 2002. The role of dissolved
organic carbon in moderating the bioavailability and toxicity of Cu to rainbow trout
during chronic waterborne exposure. Comp. Biochem. Physiol. C 133, 147–160.

McKim, J.M., Eaton, J.G., Holcombe, G.W., 1978. Metal toxicity to embryos and larvae of
eight species of freshwater fish-II: Copper. Bull. Environ. Contam. Toxicol. 19,
608–616.

Menendez, R., 1976. Chronic effects of reduced pH on brook trout (Salvelinus fontinalis). J.
Fish. Res. Board Can. 33, 118–123.

Meyer, J.S., Adams, W.J., 2010. Relationship between biotic ligand model-based water
quality criteria and avoidance and olfactory responses to copper by fish. Environ.
Toxicol. Chem. 29, 2096–2103.

Miller, P.A., Lanno, R.P., McMaster, M.E., Dixon, D.G., 1993. Relative contributions of
dietary and waterborne copper to tissue copper burdens and waterborne copper
tolerance in rainbow trout (Oncorhynchus mykiss). Can. J. Fish. Aquat. Sci. 50,
1683–1689.

Mudge, J.E., Northstrom, T.E., Jeane, G.S., Davis, W., Hickam, J.L., 1993. Effect of
varying environmental conditions on the toxicity of copper to salmon. In: In:
Gorsuch, J.W., Dwyer, F.J., Ingersoll, C.G., La Point, T.W. (Eds.), Environmental
Toxicology and Risk Assessment, 2nd vol. American Society for Testing Materials
Philadelphia, USA, pp. 19–33 STP 1216.

Naddy, R.B., Stubblefield, W.A., May, J.R., Tucker, S.A., Hockett, J.R., 2002. The effect of
calcium and magnesium ratios on the toxicity of copper to five aquatic species in
freshwater. Environ. Toxicol. Chem. 21, 347–352.

Naddy, R.B., Rehner, A.B., McNerney, G.R., Gorsuch, J.W., Kramer, J.R., Wood, C.M.,
Paquin, P.R., Stubblefield, W.A., 2007. Comparison of short-term chronic and chronic
silver toxicity to fathead minnows in unamended and sodium chloride-amended
waters. Environ. Toxicol. Chem. 26, 1922–1930.

Naddy, R.B., Cohen, A.S., Stubblefield, W.A., 2015. The interactive toxicity of cadmium,
copper, and zinc to Ceriodaphnia dubia and rainbow trout (Oncorhynchus mykiss).
Environ. Toxicol. Chem. 34, 809–815.

Ng, T.Y.-T., Chowdhury, M.J., Wood, C.M., 2010. Can the Biotic Ligand Model predict Cu
toxicity across a range of pHs in softwater-acclimated rainbow trout? Environ. Sci.
Technol. 44, 6263–6268.

Niyogi, S., Wood, C.M., 2004. The Biotic Ligand Model, a flexible tool for developing site-
specific water quality guidelines for metals. Environ. Sci. Technol. 38, 6177–6192.

Nys, C., Janssen, C.R., Mager, E.M., Esbaugh, A.J., Brix, K.V., Grosell, M., Stubblefield,
W.A., Holtze, K., De Schamphelaere, K.A.C., 2014. Development and validation of a
biotic ligand model for predicting chronic toxicity of lead to Ceriodaphnia dubia.
Environ. Toxicol. Chem. 33, 394–403.

OSU (Oregon State University), 2016. Aquatic Toxicology Laboratory. Early Life-stage
Toxicity of Copper to the Rainbow Trout. October.

Pagenkopf, G.K., 1983. Gill surface interaction model for trace-metal toxicity to fishes:
role of complexation, pH, and water hardness. Environ. Sci. Technol. 17, 342–347.

Paquin, P.R., Gorsuch, J.W., Apte, S., Batley, G.E., Bowles, K.C., Campbell, P.G.C., Delos,
C.G., Di Toro, D.M., Dwyer, R.L., Galvez, F., Gensemer, R.W., Goss, G.G., Hogstrand,
C., Janssen, C.R., McGeer, J.C., Naddy, R.B., Playle, R.C., Santore, R.C., Schneider, U.,
Stubblefield, W.A., Wood, C.M., Wu, K.B., 2002. The biotic ligand model: a historical
overview. Comp. Biochem. Physiol. C 133, 3–35.

Perschbacher, P.W., Wurts, W.A., 1999. Effects of calcium and magnesium hardness on
acute copper toxicity to juvenile channel catfish, Ictalurus punctatus. Aquaculture 172,
275–280.

Peters, A., Merrington, G., de Schamphelaere, K.A.C., Delbeke, K., 2011. Regulatory
consideration of bioavailability for metals: simplification of input parameters for the
chronic copper biotic ligand model. Integr. Environ. Assess. Manag. 7, 437–444.

Peters, A., Schlekat, C.E., Merrington, G., 2016. Does the scientific underpinning of
regulatory tools to estimate bioavailability of nickel in freshwaters matter? The
European-wide environmental quality standard for nickel: comparing bioavailability
tools for metals. Environ. Toxicol. Chem. 35, 2397–2404.

Playle, R.C., Wood, C.M., 1989. Water chemistry changes in the gill micro-environment of
rainbow trout: experimental observations and theory. J. Comp. Physiol. B 159,
527–537.

Playle, R.C., Gensemer, R.W., Dixon, D.G., 1992. Copper accumulation on gills of fathead
minnows: influence of water hardness, complexation and pH of the gill micro-en-
vironment. Environ. Toxicol. Chem. 11, 381–391.

Playle, R.C., Dixon, D.G., Burnison, K., 1993a. Copper and cadmium binding to fish gills:
modification by dissolved organic carbon and synthetic ligands. Can. J. Fish. Aquat.
Sci. 50, 2667–2677.

Playle, R.C., Dixon, D.G., Burnison, K., 1993b. Copper and cadmium binding to fish gills:
estimates of metal-gill stability constants and modelling of metal accumulation. Can.
J. Fish. Aquat. Sci. 50, 2678–2687.

Powell, K.J., Brown, P.L., Byrne, R.H., Gajda, T., Hefter, G., Sjöberg, S., Wanner, H., 2007.
Chemical speciation of environmentally significant metals with inorganic ligands part
2: the Cu2+-OH−, Cl−, CO3

2−, SO4
2−, and PO4

3− systems (IUPAC technical report).
Pure Appl. Chem. 79, 895–950.

Reid, S.D., 1995. Adaptation to and effects of acid water on the fish gill. In: In:

A. Crémazy et al. Aquatic Toxicology 192 (2017) 224–240

239

http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0130
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0130
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0135
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0135
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0135
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0140
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0140
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0140
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0145
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0145
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0150
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0150
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0150
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0155
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0155
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0155
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0155
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0160
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0160
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0160
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0165
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0165
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0165
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0170
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0170
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0170
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0175
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0175
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0175
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0180
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0180
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0180
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0185
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0185
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0190
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0190
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0190
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0195
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0195
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0195
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0200
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0200
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0200
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0205
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0205
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0205
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0210
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0210
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0215
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0215
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0215
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0220
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0220
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0220
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0225
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0225
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0225
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0230
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0230
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0230
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0235
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0235
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0235
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0235
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0240
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0240
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0245
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0245
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0250
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0250
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0255
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0255
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0260
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0260
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0260
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0265
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0265
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0265
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0270
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0270
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0270
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0275
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0275
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0275
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0275
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0280
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0280
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0280
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0280
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0285
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0285
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0290
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0290
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0290
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0295
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0295
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0295
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0300
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0300
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0300
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0305
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0305
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0305
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0310
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0310
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0315
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0315
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0315
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0320
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0320
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0320
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0320
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0325
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0325
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0325
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0325
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0325
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0330
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0330
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0330
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0335
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0335
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0335
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0335
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0340
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0340
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0340
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0345
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0345
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0345
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0350
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0350
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0355
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0355
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0355
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0355
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0360
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0360
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0365
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0365
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0370
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0370
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0370
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0370
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0370
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0375
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0375
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0375
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0380
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0380
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0380
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0385
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0385
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0385
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0385
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0390
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0390
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0390
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0395
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0395
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0395
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0400
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0400
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0400
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0405
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0405
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0405
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0410
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0410
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0410
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0410
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0415


Hochachka, P.W., Mommsen, T.P. (Eds.), Biochemistry and Molecular Biology of
Fishes, vol. 5. Elsevier, Amsterdam, pp. 213–227.

Santore, R.C., Di Toro, D.M., Paquin, P.R., Allen, H.E., Meyer, J.S., 2001. Biotic ligand
model of the acute toxicity of metals. 2. Application to acute copper toxicity in
freshwater fish and daphnia. Environ. Toxicol. Chem. 20, 2397–2402.

Schlekat, C.E., Van Genderen, E., De Schamphelaere, K.A.C., Antunes, P.M.C., Rogevich,
E.C., Stubblefield, W.A., 2010. Cross-species extrapolation of chronic nickel Biotic
Ligand Models. Sci. Total Environ. 408, 6148–6157.

Seim, W.K., Curtis, L.R., Glenn, S.W., Chapman, G.A., 1984. Growth and survival of de-
veloping steelhead trout (Salmo gairdneri) continuously or intermittently exposed to
copper. Can. J. Fish. Aquat. Sci. 41, 433–438.

Stedmon, C.A., Bro, R., 2008. Characterizing dissolved organic matter fluorescence with
parallel factor analysis: a tutorial. Limnol. Oceanogr. Methods 6, 572–579.

Sunda, W.G., Guillard, R.R.L., 1976. The relationship between cupric ion activity and
toxicity of copper to phytoplankton. J. Mar. Res. 34, 511–529.

Tao, S., Wen, Y., Long, A., Dawson, R., Cao, J., Xu, F., 2001. Simulation of acid–base
condition and copper speciation in the fish gill microenvironment. Comput. Chem.
25, 215–222.

Taylor, L.N., McGeer, J.C., Wood, C.M., McDonald, D.G., 2000. Physiological effects of
chronic copper exposure to rainbow trout (Oncorhynchus mykiss) in hard and soft
water: evaluation of chronic indicators. Environ. Toxicol. Chem. 19, 2298–2308.

Taylor, L.N., Wood, C.M., McDonald, D.G., 2003. An evaluation of sodium loss and gill
metal binding properties in rainbow trout and yellow perch to explain species dif-
ferences in copper tolerance. Environ. Toxicol. Chem. 22, 2159–2166.

Tipping, E., Rieuwerts, J., Pan, G., Ashmore, M.R., Lofts, S., Hill, M.T.R., Farago, M.E.,
Thornton, I., 2003. The solid-solution partitioning of heavy metals (Cu, Zn, Cd, Pb) in
upland soils of England and Wales. Environ. Pollut. 125, 213–225.

Tipping, E., 1994. WHAM–a chemical equilibrium model and computer code for waters,
sediments, and soils incorporating a discrete site/electrostatic model of ion-binding
by humic substances. Comput. Geosci. 20, 973–1023.

USEPA, 2002. Toxicity Relationship Analysis Program (TRAP) Version 1.0. US
Environmental Protection Agency, National Health and Environmental Effects
Research Laboratory, Mid-continent Ecology Division, Duluth, MN, USA.

USEPA, 2007. Aquatic Life Ambient Freshwater Quality Criteria–Copper, Revision. US
Environmental Protection Agency, Office of Science and Technology, Washington,

D.C EPA-822-R-07-001.
Van Sprang, P.A., Verdonck, F.A.M., Van Assche, F., Regoli, L., De Schamphelaere, K.A.C.,

2009. Environmental risk assessment of zinc in European freshwaters: a critical ap-
praisal. Sci. Total Environ. 407, 5373–5391.

Van Sprang, P.A., Nys, C., Blust, R.J.P., Chowdhury, J., Gustafsson, J.P., Janssen, C.J., De
Schamphelaere, K.A.C., 2016. The derivation of effects threshold concentrations of
lead for European freshwater ecosystems: effects threshold Pb concentrations in
European freshwaters. Environ. Toxicol. Chem. 35, 1310–1320.

Vardy, D.W., Oellers, J., Doering, J.A., Hollert, H., Giesy, J.P., Hecker, M., 2013.
Sensitivity of early life stages of white sturgeon, rainbow trout, and fathead minnow
to copper. Ecotoxicology 22, 139–147.

Waiwood, K.G., Beamish, F.W.H., 1978a. The effect of copper, hardness and pH on the
growth of rainbow trout, Salmo gairdneri. J. Fish Biol. 13, 591–598.

Waiwood, K.G., Beamish, F.W.H., 1978b. Effects of copper, pH and hardness on the cri-
tical swimming performance of rainbow trout (Salmo gairdneri Richardson). Water
Res. 12, 611–619.

Wang, N., Ingersoll, C.G., Dorman, R.A., Brumbaugh, W.G., Mebane, C.A., Kunz, J.L.,
Hardesty, D.K., 2014. Chronic sensitivity of white sturgeon (Acipenser transmontanus)
and rainbow trout (Oncorhynchus mykiss) to cadmium, copper, lead, or zinc in la-
boratory water-only exposures. Environ. Toxicol. Chem. 33, 2246–2258.

Welsh, P.G., Lipton, J., Chapman, G.A., Podrabsky, T.L., 2000. Relative importance of
calcium and magnesium in hardness-based modifications of copper toxicity. Environ.
Toxicol. Chem. 19, 1624–1631.

Welsh, P.G., Lipton, J., Mebane, C.A., Marr, J.C.A., 2008. Influence of flow-through and
renewal exposures on the toxicity of copper to rainbow trout. Ecotoxicol. Environ.
Saf. 69, 199–208.

Woltering, D.M., 1984. The growth response in fish chronic and early life stage toxicity
tests: a critical review. Aquat. Toxicol. 5, 1–21.

Wood, C.M., Al-Reasi, H.A., Smith, D.S., 2011. The two faces of DOC. Aquat. Toxicol.
105, 3–8.

Wood, C.M., 1989. The physiological problems of fish in acid waters. In: Morris, R.E.W.,
Taylor, Brown, D.J.A., Brown, J.A. (Eds.), Acid Toxicity and Aquatic Animals.
Cambridge University Press, Cambridge, pp. 125–152.

Zall, D.M., Fisher, D., Garner, M.D., 1956. Photometric determination of chlorides in
water. Anal. Chem. 28, 1665–1678.

A. Crémazy et al. Aquatic Toxicology 192 (2017) 224–240

240

http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0415
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0415
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0420
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0420
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0420
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0425
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0425
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0425
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0430
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0430
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0430
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0435
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0435
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0440
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0440
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0445
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0445
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0445
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0450
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0450
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0450
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0455
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0455
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0455
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0460
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0460
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0460
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0465
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0465
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0465
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0470
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0470
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0470
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0475
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0475
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0475
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0480
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0480
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0480
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0485
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0485
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0485
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0485
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0490
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0490
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0490
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0495
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0495
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0500
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0500
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0500
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0505
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0505
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0505
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0505
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0510
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0510
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0510
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0515
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0515
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0515
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0520
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0520
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0525
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0525
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0530
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0530
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0530
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0535
http://refhub.elsevier.com/S0166-445X(17)30206-0/sbref0535

	Experimentally derived acute and chronic copper Biotic Ligand Models for rainbow trout
	Introduction
	Materials and methods
	Experimental fish and acclimation to baseline conditions
	Preparation of test solutions
	Acute and chronic toxicity tests
	Water and tissue analyses
	Chemical speciation modeling
	Acute and chronic BLM parameterization
	Acute and chronic toxicity predictions: this study and literature data

	Results
	Water chemistry
	General observations on acute and chronic toxicity
	Effects of water chemistry and BLM development
	Effects of Ca and Mg
	Effects of DOM
	Effects of pH
	Estimations of log KCuBL and critical fCuBL values

	Acute and chronic toxicity predictions
	Model calibration–predictions of the present data-set
	Model validation–predictions of the literature data
	Evaluation of W-BLM and D-BLM with present and literature data sets


	Discussion
	The acute nature of Cu toxicity in chronically exposed rainbow trout
	Effects of DOM, Ca and Mg concentrations on Cu acute and chronic toxicity
	Effect of pH on Cu acute and chronic toxicity
	Performance of the new acute and chronic BLMs, and comparison with W-BLM and D-BLM

	Conclusions and recommendations
	Acknowledgments
	Supplementary data
	References




